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• Blasting at mines is an important but
understudied source of nitrate.
• NO3 and its stable isotopes were analyzed on waste rock samples and water
samples.
• NO3 concentrations in fresh blast and
aged rock are highly variable.
• Field scale leaching efﬁciency is 80–90%.
• In most cases, NO3 ﬂushing from dumps
will take several decades.
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a b s t r a c t
The origin, distribution and leaching of nitrate (NO3−) from coal waste rock dumps in the Elk Valley, British Co15
18
−
lumbia, Canada were deﬁned using chemical and NO−
3 isotope analyses (δ N- and δ O-NO3 ) of solids samples
of pre- and post-blast waste rock and from thick (up to 180 m) unsaturated waste rock dump proﬁles constructed
between 1982 and 2012 as well as water samples collected from a rock drain located at the base of one dump and
−
efﬂuent from humidity cell (HC) and leach pad (LP) tests on waste rock. δ15N- and δ18O-NO−
3 values and NO3
concentrations of waste rock and rock drain waters conﬁrmed the source of NO−
3 in the waste rock to be explosives and that limited to no denitriﬁcation occurs in the dump. The average mass of N released during blasting
was estimated to be about 3–6% of the N in the explosives. NO−
3 concentrations in the fresh-blast waste rock
and recently placed waste rock used for the HC and LP experiments were highly variable, ranging from below detection to 241 mg/kg. The mean and median concentrations of these samples ranged from 10–30 mg/kg. In this
range of concentrations, the initial aqueous concentration of fresh-blasted waste rock could range from approx−
imately 200–600 mg NO−
3 -N/L. Flushing of NO3 from the HCs, LPs and a deep ﬁeld proﬁle was simulated using a
scale dependent leaching efﬁciency (f) where f ranged from 5–15% for HCs, to 35–80% for the LPs, to 80–90% for
the ﬁeld proﬁle. Our ﬁndings show aqueous phase NO−
3 from blasting residuals is present at highly variable initial
concentrations in waste rock and the majority of this NO−
3 (N75%) should be ﬂushed by recharging water during
displacement of the ﬁrst stored water volume.
© 2017 Elsevier B.V. All rights reserved.
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1. Introduction
Elevated nitrate (NO−
3 ) concentrations in groundwater or surface
water can cause health problems in humans (Kross et al., 1993;
Comly, 1987; Johnson et al., 1987). As such, the maximum drinking
−
water concentration for NO−
3 is 10 mg NO3 -N/L (WHO, 2004; Health
Canada, 2014; U.S. EPA, 2009). In British Columbia, Canada, the average
and maximum guideline concentrations for fresh water aquatic life are
set at 3 and 33 mg NO−
3 -N/L, respectively (Nordin and Pommen, 2009).
Elevated NO−
3 concentrations in natural waters are generally attributed to diffuse or point sources associated with the use of fertilizer or biological waste from agriculture or municipal sources (Power and
Schepers, 1989; Hallberg, 1989; Seiler et al., 1999; Wakida and Lerner,
2005). However, a much less studied source of NO−
3 is nitrogen
(N) release associated with the use of explosives to blast rock during
mining operations. The primary blasting agent used by the mining industry is ammonium nitrate (NH4NO3) mixed with fuel oil, often referred to as ANFO (94–98% NH4NO3 + 2–6% fuel oil). In the USA, 69%
of all explosives sold in 2013 were used in the coal mining industry
(USGS, 2013). NH4NO3 is highly soluble in water and dissociates into
+
+
NO−
3 and NH4 . In alkaline environments, NH4 further dissociates to
NH3. The release of NO−
and
NH
from
explosives
during mining is usu3
3
ally attributed to NH4NO3 spillage or incomplete detonation and subsequent dissolution (Cameron et al., 2007; Pommen, 1983). In spite of the
widespread use of ANFO and its potential release to receiving surface
and groundwater, detailed studies of the distribution and controls on
NO−
3 in stockpiled waste rock are few (Bailey et al., 2013; Ferguson
and Leask, 1988; Pommen, 1983). Further, we are aware of no studies
that address the long-term leaching of ANFO derived NO−
3 from fullscale coal waste rock dumps or the hydrogeochemical controls on
blasting derived NO−
3 within these dumps.
The Elk Valley Watershed in southern British Columbia, Canada
(Fig. 1a) is a major source of steelmaking coal in Canada (Goodarzi
et al., 2009). Coal mining in the valley began around 1897 with largescale open-pit coal mining beginning in the 1960s. Currently, there are

ﬁve open-pit steelmaking coal-mining operations in the Valley: Coal
Mountain Operation (CMO), Elkview Operation (EVO), Line Creek Operation (LCO), Greenhills Operation (GHO), and Fording River Operation
(FRO) (Fig. 1b). These mines use conventional open pit drill and blast
methods, and truck and shovel technology. The total waste rock generated by these operations by 2010 was approximately 4.7 billion bank
cubic meters (BCM) (Teck EVWQP Annex D.4, 2014). Most of the
waste rock is deposited in dumps, typically by end dumping. The average dump thickness within the Elk Valley is N 100 m. The majority
(95–100%) of this waste rock consists of interburden siltstones and
mudstones and thin, un-minable coal seams of the Mist Mountain Formation (Gibson and Hughes, 1981; Vessey and Bustin, 2000).
During the early 1960s and 1970s, the mean background N (NO−
3 N + NO −
2 -N) concentrations measured in the Elk River south of
Sparwood (Fig. 1b) were b0.01 mg/L (McDonald, 1987; Clark and
Peppin, 1984). These concentrations began to increase in the early
1980s (Ferguson and Leask, 1988; McDonald, 1987; Pommen,
1983). Ferguson and Leask (1988) attributed the source of NO−
3 to
N-based explosives used in rock blasting. The increasing concentrations of NO−
3 in the Elk River with time have also been positively correlated with the volume of waste rock production (Strategic
Advisory Panel on Selenium Management, 2010).
The objectives of this study were to: (1) characterize and quantify
the source(s) of NO−
3 in coal waste rock in the Elk Valley, British Columbia; (2) deﬁne the geochemical controls exerted on NO−
3 within the
dump; and (3) characterize the long-term leaching of NO−
3 from the
dump. The objectives were attained by analyzing waste rock samples
collected from the parent (pre-blasted) rock, fresh-blasted (b 10 d
old), and aged waste rock from an existing dump (deposited between
1982 and 2012). The evolution of NO−
3 release in porewater from humidity cell (HC) and leach pad (LP) experiments were also compared
to the NO−
3 concentrations in water samples collected from a rock
drain located at the base of a dump.
The current study is part of a multi-disciplinary research program
initiated by Teck Coal in 2012 to improve our understanding of the

Fig. 1. Location map of (a) Elk Valley, British Columbia, Canada; (b) regional coal mining operations (FRO, GHO, LCO and EVO, and CMO) in the Elk River watershed (delineated by white
line); and (c) footprint of the LCO-WLC dump (delineated by orange line) within the West Line Creek catchment area. Water transported down the rock drain formed along the preexisting West Line Creek is conducted from the toe of the dump by an underground culvert (dashed blue line) to the sampling location (WRD, solid white circle) in (c). Borehole locations
are identiﬁed by solid blue circles in (c).
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origin, fate, and transport of constituents of interest (CIs), including
NO−
3 , derived from dumps in the Elk Valley. Recent studies characterized the source reservoirs of CIs such as selenium, sulfur, arsenic and
iron from the dumps of the Elk Valley (Hendry et al., 2015; Biswas
et al., 2017; Essilﬁe-Dughan et al., 2017) as well as mechanisms of
water migration through the dumps through the use of the stable isotopes of water (Barbour et al., 2016; Villeneuve et al., 2017).

believed to have been collected within 10 d of blasting and transport
to the waste rock pile.
Pre-blast Mist Mountain Formation rock samples were collected
from diamond drilled corehole MM1306 at LCO. The corehole was
drilled in January 2014. Samples were collected between 3 and 360 m
depth BG on February 2014. Sample handling and processing of these
samples were the same as those described for the core samples.

2. Materials and methods

2.2. Porewater sampling, water extractions and chemical analyses

2.1. Site description and sampling program

Mechanical squeezers were used to squeeze porewater from sonic
core samples collected from 12-02a (n = 5), 12-05a (n = 17), and
12-05b (n = 12). Core samples (100–300 g) were broken up and
packed into the cylinders of the squeezers. A piston was then inserted
into the cylinders and a pressure of about 50 MPa applied to the samples
for 3–5 d (Hendry et al., 2013). Porewater was expelled through a 0.45
μm stainless steel ﬁlter at the base of the cylinders and collected in clean
syringes. The volumes of squeezed porewater ranged from 0 to 14 mL,
depending on the water content of the samples. The pH of the collected
water was measured using an Oakton 110 Series prior to splitting the
water samples for chemical analyses. The pH of dissolved porewater
ranged from 7.75 to 8.64 and the average was 8.01 (Biswas et al., 2017).
Water extractable concentrations (mg/kg) were measured on sonic
(12-02a, n = 56; 12-02b, n = 29; 12-05a, n = 12), air rotary (1205C1, n = 51; 12-05C2, n = 57), diamond drill (MM1306 pre-blast samples, n = 22), and fresh-blast TCR samples (n = 36) using the aqueous
leaching method described in MEND (2009). In general, the samples
were oven-dried, disaggregated and crushed with a ceramic mortar
and pestle. They were then placed in 1 L high-density polypropylene
bottles (HDPE) with Milli-Q water at a 3:1 water to solids ratio and agitated using a shake table for 48 h. After allowing the solids to settle for
24 h, subsamples of water were decanted into 50 mL HDPE centrifuge
vials and centrifuged at 3000 rpm until clear. The supernatant samples
were ﬁltered with PES 0.45 μm ﬁlters and collected in 30 mL HDPE bottles for analyses.
Dissolved (i.e., squeezed) porewater and water extractable samples
−
were stored at 4 °C prior to chemical analyses. The NO−
3 - and NO2 -N
concentrations from the squeezed and leached samples were measured
using a Dionex ICS2100 coupled to a Dionex AS-AP Autosampler with
Dionex IonPac AS9-HC 2 × 2 mm exchange. These analyses were consistent with the methods described in EPA Method 300.1 (Hautman and
−
Munch, 1997). Method detection limits (MDL) for NO−
3 - and NO2 -N
were 0.03 and 0.05 mg/L, respectively. Analytical accuracy and precision
were b5% for both analytes.
Water-leachable NO−
3 -N concentrations (C; mg/kg) were calculated
by multiplying the NO−
3 -N concentrations of the leached porewater extracts (Ce; mg/L or mg/kg of water) by the ratio of mass of water used in
the aqueous extracts (Ww) to the dry mass of sample (Ws) in the chemical extractions using:

The waste rock dump investigated as part of this study is referred to
by Teck Coal as the West Line Creek (WLC) dump. The WLC dump is
approximately 3.5 km long, up to 1 km wide, has an average thickness
of 115 m, covers a surface area of about 2.7 km2, and contains about
2.1 × 106 BCM of waste rock (Villeneuve et al., 2017; AMEC Environmental and Infrastructure, 2013). The vast majority of the WLC dump
is not vegetated (~ 90%) and consequently not-fertilized. Villeneuve
et al. (2017) and Barbour et al. (2016) provide more detail descriptions
of the climate and hydrology of the WLC dump and adjacent watershed.
A drilling and sampling program was carried out at the WLC dump
(Fig. 1b and c) between July and September 2012 using a truckmounted sonic drill rig (Sonic Rig 1524) and a truck-mounted air rotary
drill rig (Foremost DR 24 drill). Four sonic boreholes were drilled to a
maximum depth of 87 m below ground (BG) surface. Two boreholes
(LCO-WLC-12-02a and 12-02b) were drilled in the northern portion of
the dump and two boreholes (LCO-WLC-12-05a and 12-05b) in the
southern portion (Fig. 1c). Sonic boreholes were drilled using a 0.10 m
internal diameter (ID) and occasionally 0.15 m ID × 3.05 m long core
barrel. Core recovery was approximately 90%.
The sonic core was transferred from the core barrel into a plastic
sleeve prior to sub-sampling. The two ends of each sleeve were immediately tied and placed in a 0.1 m diameter PVC half pipe. The cores
were then moved to an on-site core shed where the sleeves were cut
open. Prior to sample collection, the outer 1–5 mm of core was removed
to reduce potential contamination from drilling. Approximately 2–3 kg
of each core was collected at a sampling interval of approximately 1 m
and was placed in medium sized Ziploc® bags (180 mm × 190 mm).
All excess air was squeezed out of the bags prior to sealing and then
the bags were double bagged by placing them into larger Ziploc® bags
(270 mm × 270 mm) which were then squeezed to remove excess air
prior to sealing. The double bagged cores were kept at about 4 °C during
transportation from the ﬁeld to the Aqueous and Environmental Geochemistry Laboratory (AEG), University of Saskatchewan (UofS)
where they were processed.
Two air rotary holes (LCO-WLC-12-05C1 and − 12-05C2) were
drilled to about 181 m BG in the southern part of the dump (Fig. 1c).
Cutting samples were collected directly from the drill rig as drilling
was advanced over 3 m depth intervals. Approximately 500 g of material from each 3 m drill run was collected and processed in the same manner as described for the core samples.
The placement ages of the samples collected from the dump were
estimated from historical air photos and site records and represent a
range of depositional times from 1982 to 2012 as deﬁned in
Villeneuve et al. (2017).
Solids samples were also collected during construction of a new
dump, the Turn Creek waste rock dump (TCR), at the FRO operation
(Fig. 1b). The samples were collected between February and August
2012. Representative samples were collected from the bottom, middle
and upper portions of the dump in order to capture the full range of material placed within the dump. An excavator or loader was used to transfer waste rock from the spoil pile following dumping by the haul trucks
onto a 100 mm grizzly screen to remove larger rocks. Grab samples (2–
4 kg) of waste rock that passed through the screen were then collected
and processed in the same way as the core samples. All samples are

C ¼ Ce 

Ww
Ws

ð1Þ

The porewater equivalent NO−
3 -N concentrations (Cpw; mg/L) were
calculated from the water extractable extracts by multiplying Ce
(mg/L) by the ratio of gravimetric water content (GWC) of the extract
(ωe) to that of the original sample (ωs) using:
C pw ¼ C e 



ωe
ωs


ð2Þ

Values of ωs were measured on the sonic core samples using the
method described in ASTM D2216-10 (2010) and reported in Barbour
et al. (2016). The in situ GWC of the air rotary samples prior to sampling
were assumed to be the same as the values measured on sonic core collected at the same depths and locations. For example, the mean ωs
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(± one standard deviation) for the sonic core samples from 12-02a
were 5.21% (±3.07%, n = 56). The dry density for core segments from
12-02a in which measurements could be made was 1892 kg/m3
(± 260 kg/m3, n = 30). Porewater equivalent concentrations (Cpw)
from the measured water leachable concentrations (C) were estimated
for air rotary samples by assuming an approximate value of 6% for ωs for
the water content.
2.3. O2 gas concentrations
Waterloo gas monitoring ports were installed in the WLC dump
at 12-02a (n = 24 ports; 2–85 m BG) and 12-05C2 (n = 24 ports; 3–
180 m BG) to measure pore gas concentrations with depth through
the dump. Pore gas O2 concentrations were measured from August
2012 to April 2015 using an RKI Instruments Eagle® portable gas
meter. The meter was calibrated with known O2 standards prior to
use. The accuracy of the meter was ± 0.5% O2. Prior to measuring the
O2 concentrations, one volume of standing gas was purged from the
tubing using the internal pump of the analyzer.
2.4. Humidity and leach pad experiments
Multiscale experiments (humidity cells and leach pads) were performed by the mine operator to characterize the rates of oxidation and
Se release from waste rock by taking into account scaling factors such
as differences in temperature, pH, mineral content, particle size (surface
area), and ﬂow paths heterogeneity between the scales (Malmström
et al., 2000). The available data on water ﬂow and NO−
3 release was
re-interpreted in this study to estimate the initial nitrate load and its
rate of release. The laboratory humidity cell (HC) and ﬁeld-scale leach
pad (LP) experiments were conducted using waste rock from LCO. The
leach pads were a mixture of waste coal, mudstone, and sandstone
and were separated into different waste rock types based on laboratory
descriptions of the materials. The HC samples were taken directly as
composite samples from the LPs. The descriptions of the waste rock
used in the LP and HC experiments are provided in Table 1.
Three LPs were constructed between October 15 and November
5, 2008 at LCO (SRK, 2010). The LP bases were constructed by
placing and shaping crushed rock (maximum diameter of 0.05 m)
over a 20 m × 12 m area, shaped to drain water to a central trench running with a 2–5% slope along the short axis of the pads. Containment
berms of crushed rock were then constructed around the sides of each
base and the base was covered with a layer of protective geotextile
overlain by a 4 mm thick bituminous geomembrane. A drainage system,
consisting of 4 m long sections of 0.1 m diameter perforated PVC pipes
wrapped in ﬁlter cloth, were placed along the central trenched area
and covered by drainage gravel (b 50 mm diameter crushed rock) to
the level of the pad base. A geotextile was then placed on top of the
gravel to provide an additional ﬁlter.
Relatively fresh waste rock was placed within the leach pad to form a
truncated pyramid that was approximately 2.5 m high with 2:1 side
slopes. The volume of the waste rock placed in each LP piles as measured
by a survey following waste rock placement was as follows: LP1 177 m3;
LP3 138 m3; LP4 106 m3. The area of each cell was: LP1 76.8 m2; LP3
94.1 m2; LP4 76.8 m2. The calculated average depth of waste rock was
then: LP1 2.3 m; LP3 1.5 m, and LP4 1.4 m.

An approximate particle size distribution for each material was measured. Oversize waste rock (N75 mm) was removed and the particle size
distribution of the oversize material was obtained through comparative
image analyses using scaling balls placed within the image. The material
passing 75 mm was measured using sieve analyses. The particle sizes of
the three material types are presented in Fig. 2 and Table 1 along with
maximum and minimum particle size envelopes measured on sonic
core samples (core diameter was 100 mm) from the WLC 12-05.
Each LP was instrumented with temperature, pore gas composition,
and volumetric water content (VWC) sensors at four depth intervals
(0.1, 0.5, 1.0 and 1.5 m below top of LPs). Unfortunately, the VWC sensors recorded anomalously low readings and were unresponsive to wetting and drying events, likely due to difﬁculties in ensuring contact
between the sensor and the waste rock. Tipping bucket ﬂow gauges
were installed at the outlet of each drainage pipe to measure drainage
on a cumulative monthly basis. Drainage water samples were collected
−
monthly and analyzed for NO−
3 -, NO2 - and NH3-N by commercial labo−
ratories. The reported MDL for NO−
3 -, NO2 - and NH3-N were 0.005,
0.001 and 0.005 mg/L, respectively.
The HCs were constructed from 0.1 m diameter × 0.2 m long Plexiglas pipes. Solid Plexiglas base plates with leachate drainage holes
were attached to the base of each cell. A perforated Plexiglas plate was
installed inside the pipes approximately 25 mm above the base plates
to support the samples and allow for either upward air ﬂow or drainage
from the bottom of the cell. The plates were covered with geotextile to
prevent the sediment loss. Four – 20 L pails of waste rock from one of
the LP cells were used to prepare a composite sample for each HC
(Table 1). One kilogram of air-dried waste rock, screened to particle
sizes b 6.4 mm (¼″), was placed loosely into each HC.
Testing of the HCs was initiated in May 2009. Each testing cycle
consisted of 3 d of aeration with dry air followed by 3 d of aeration
with humidiﬁed air (over and through the samples) followed by ﬂushing of the sample with 0.5 L of deionized (DI) water on day 7 (MEND,
1991). Leachate samples were collected for analyses at two-week intervals for the ﬁrst 15 weeks. After week 15, the frequency of sampling was
reduced to monthly and after week 195 sampling frequency was reduced to once every 4 months. The number of tests was reduced to
one sample from each waste rock type, a duplicate from Type A, and
the method blank (5 cells in total) on May 2010 (week 51) because of
the good reproducibility between duplicates. The experiments were terminated in December 2013 (week 235). Leachate samples were tested
by commercial laboratories for major ions and trace metals including
−
NO−
3 - and NH3-N. The reported MDL for NO3 and NH3-N were 0.02 or
0.002 and 0.005 mg/L, respectively.

2.5. Nitrogen species in the WLC rock drain
Rock drains are formed by segregation and transport of larger particles (boulders) at the base of the slope during dumping to create a basal
rubble zone (Morin et al., 1991). The rock drains collect water draining
through the dump and transmit it to the down gradient edge of the
dump. In the case of the WLC rock drain (Fig. 1c), water entering the
rock drain through the dump is mixed with water entering the side of
the dump from the adjacent natural watershed (Villeneuve et al.,
2017). This water is then transported to the downstream end of the

Table 1
Description of material used in laboratory humidity cell (HC) and ﬁeld-scale leach pad (LP) experiments.
Leach pad number

Humidity cell number

Laboratory derived material description

D10a (mm)

D60b (mm)

Surface areac HC (m2/kg)

Surface area LP (m2/kg)

LP1
LP3
LP4

HC13, HC14, HC27
HC17, HC18, HC28
HC19, HC20

Type A waste rock: coal N mudstone
Type B waste rock: mudstone N coal N sandstone
Type C waste rock: coal ~ mudstone N sandstone

0.06
0.025
0.055

1.7
1.9
1.9

26.55
38.22
30.77

11.20
5.50
2.31

a
b
c

Particle diameter corresponding to 10% passing.
Particle diameter corresponding to 60% passing.
Assumed soil particles were spherical and calculated the surface area for the mid-point of each mesh size multiplied by the number of particles.
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Fig. 2. Measured particle size distribution for leach pads (LPs) (symbols) and ‘envelope’ of maximum and minimum particle sizes from BH 12-05 core data (dashed lines).

dump where it is released as surface ﬂow that is monitored ~ 270 m
downstream (WRD on Fig. 1c).
Water sampling and analyses for NO−
3 has been conducted on the
WLC rock drain since 2000 including: monthly water samples from
2000 to 2014 including daily or weekly sampling over the non-winter
period (March–October) from 2010 to 2014. The analyses were conducted by either a commercial laboratory or by the UofS AEG (2012–
2014 only). The UofS samples were ﬁeld ﬁltered, refrigerated, and
−
shipped to AEG for processing and analysis for NO−
2 - and NO3 -N using
−
the methods described above. The reported MDL for NO2 - and NO−
3 -N
were 0.05 and 0.03 mg/L, respectively.
2.6. Isotope analyses of N species
The δ15N of the N from pre-blast waste rock samples (n = 10) were
analyzed using Continuous Flow-Elemental Analysis-Isotope Ratio Mass
Spectrometry technology (Preston and Owens, 1983; Werner and
Brand, 2001) with a long-term laboratory analytical accuracy and
precision of ±0.2‰. The δ15N-NH+
4 of NH4NO3 blasting prills (n = 2)
was measured using the ammonium diffusion method (Sebilo et al.,
2004) with a long-term laboratory analytical accuracy and precision
of ±0.5‰. The δ15N and δ18O of soluble NO−
3 in NH4NO3 blasting prills
(dissolving 10 mg of NH4NO3 prills in 100 mL DI water), waterleachable samples from FRO-TCR fresh blast rocks (n = 4), LCO-WLC
dump (n = 33) and rock drain samples (n = 12) collected between
June 2012 and September 2013 were analyzed using the denitriﬁer
method (Casciotti et al., 2002; Bohlke et al., 2003; Sigman et al., 2001;
Silva et al., 2000). Long-term laboratory analytical accuracy and precision
of δ15N- and δ18O-NO−
3 analyses was ±0.3‰ and 0.7‰, respectively. All
isotope analyses were performed at the Isotope Science Laboratory, Geoscience Department, University of Calgary, Canada. δ15N and δ18O values
were referenced to international standards (International Atomic Energy
Agency, IAEA-NO−
3 , IAEA-N1 and IAEA-N2) and SMOW (Standard Mean
Ocean Water), respectively and reported as per mil (‰).
3. Results
3.1. Water-extractable concentrations (mg/kg) in waste rock
Quartile-quartile plots, Pearson's chi squared (χ2) and F tests were
conducted on NO−
3 -N concentration data from WLC boreholes and
pre-blast rock samples. Quartile-quartile plots showed the NO−
3 -N concentration data deviated from the normally distributed dataset while
the logarithm of concentration data was consistent with a normally distributed dataset. Pearson's chi-squared tests showed that the calculated

test statistics did not exceed the critical values of χ20.95 at a level of signiﬁcance α = 0.05 and, because the test statistics did not exceed the
critical values, the null hypothesis (Ho = the NO−
3 -N datasets are normally distributed) could not be rejected with the selected level of significance. This was conﬁrmed by the F test results that showed the
calculated F statistics did not exceed the critical values of F0.95 at a
level of signiﬁcance α = 0.05. Based on both chi-squared and F tests,
it was concluded that log10 (concentration) datasets were log normal.
Student's t-tests were conducted on log10 (concentration) at a conﬁdence interval of 95% to assess statistically signiﬁcant differences in
NO−
3 -N concentrations of water extractable waste rock samples from
different boreholes. To reﬂect the variability in concentrations we present the median/mean (±standard deviation) NO−
3 -N concentrations.
Statistical summaries of water extractable NO−
3 -N concentrations in
pre- and fresh-blast rock samples, waste rock samples from the WLC
dump, and the HC and LPs are presented in Table 2.
Pre-blast NO−
3 -N concentrations ranged from below MDL to
0.37 mg/kg with about 18% of the concentrations below MDL. The median/mean (± standard deviation) NO−
3 -N concentrations of pre-blast
samples were 0.20/0.20 ± 0.10 mg/kg. All pre-blast NO−
3 -N concentration values measured as below the MDL were set to equal half of the
MDL value (after Biswas et al., 2017).
The NO−
3 -N concentrations in fresh-blast samples ranged from MDL
to 241 mg/kg. About 17% of analyses were below MDL. The median/
mean (±standard deviation) NO−
3 -N concentrations of fresh-blast samples were 12.6/27.6 ± 47.4 mg/kg.
The total NO−
3 -N mass released (Mo) from the HCs and LPs were calculated from the measured concentrations and outﬂow water volumes
for each cell normalized to the waste rock mass within each HC and
LP. Water samples with concentrations b 0.03 mg/L were excluded
from this calculation. The mean total NO−
3 -N concentrations from the
HC samples were similar to those for the fresh-blast samples with median/mean (± standard deviation) NO−
3 -N concentrations 24.2/29.7 ±
19.9 mg/kg, with concentrations ranging from 9.84 to 60.8 mg/kg. The
total NH3-N mass released from each cell (data not shown) ranged
from 0.24 to 1.19 mg/kg with a mean value of 0.74 ± 0.40 mg/kg.
These concentrations represented approximately 1 to 15% of the total
N released from the HCs.
The NO−
3 -N concentrations from the three LPs ranged from 0.34 to
35.5 mg/kg with a median/mean (±standard deviation) concentration
of 9.6/15.1 ± 18.2 mg/kg. These values were less than those of the
HCs. The maximum NO−
2 - and NH3-N concentrations (data not
shown) ranged from 0.08–0.34 and 0.12–0.24 mg/L, respectively and
the total NO−
2 - and NH3-N mass released from these three LPs ranged
from 0.003–0.007 mg/kg and 0.001–0.012 mg/kg, respectively.
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Table 2
Statistical summary of water-extractable, calculated porewater equivalent, and dissolved (squeezed) porewater NO−
3 -N concentrations.
Mine site

n

Pre-blast
FRO fresh-blast

22(4)
36(6)
5(0)
8
3
205(28)
34(2)
85(4)
5(0)
58(1)
27(3)
5(0)
120(24)
29(2)
71(12)
29(2)
49(12)

HC (all)
LP (all)
WLC drill samples (all)
WLC-12-02
WLC-12-02 (b40 m BG)
WLC-12-02 (N40 m BG)
WLC-12-05
WLC-12-05 (b100 m BG)
WLC-12-05 (N100 m BG)

Water-extractable NO−
3 -N (mg/kg)

Porewater equivalent NO−
3 -N (mg/L)

Dissolved porewater NO−
3 -N (mg/L)

Mean

St Dev

Median

Max

Min

Mean

St Dev

Median

Max

Min

Mean

St Dev

Median

Max

Min

0.197
27.6

0.101
47.4

0.204
12.6

0.365
241

b0.0904
b0.0904

N/A
497

N/A
854

N/A
227

N/A
4343

N/A
b1.56

N/A
473

N/A
479

N/A
394

N/A
1283

N/A
59.8

29.7
15.1
2.43

19.9
18.2
3.81

24.2
9.56
1.26

60.8
–
24.5

9.84
–
b0.0904

–
–
48.3

–
–
78.9

–
–
22.2

–
–
486

–
–
b1.56

–
–
7.71

–
–
10.6

–
–
2.41

–
–
41.8

–
–
b0.0300

3.65

4.92

2.22

24.5

b0.0904

79.6

105

48.1

486

b1.56

11.3

17.8

1.04

41.8

0.646

4.97
0.826

5.43
1.15

2.86
0.381

24.5
4.77

b0.0904
b0.0904

109
15.8

115
22.0

65.6
7.31

486
91.5

b1.56
b1.56

N/A
11.3

N/A
17.8

N/A
1.04

N/A
41.8

N/A
0.646

1.56

2.44

0.713

16.4

b0.0904

26.1

40.7

11.9

275

b1.56

7.09

9.24

2.50

37.5

b0.0300

2.03

2.94

1.12

16.4

b0.0904

33.0

49.2

18.8

275

b1.56

7.09

9.24

2.50

37.5

b0.0300

0.881

1.14

0.505

4.49

b0.0904

14.7

19.0

8.44

75.0

b1.56

N/A

N/A

N/A

N/A

N/A

Notes: Values in brackets represent the number of analyses that were below average calculated method detection limits (MDL) of 0.0904 mg/kg and 1.56 mg/L for water-extractable and
porewater equivalent and instrument detection limit of 0.0300 mg/L for dissolved (squeezed) porewater NO−
3 -N concentration. Squeezed sample numbers (n) are shown on a second line
and are italicized.

The NO−
3 -N concentrations from dump samples (including individual borehole data sets) were highly variable with minimum and maximum concentrations ranging from MDL to 24.5 mg/kg (Fig. 3). All
NO−
3 -N concentration values from dump samples measured as below

the MDL were set to equal half of the MDL value. Two distinct zones
were evident in both sets of borehole data: an upper zone with higher
concentrations overlying a deeper zone with lower concentrations. In
the case of 12-02a, higher water extractable NO−
3 -N concentrations

Fig. 3. Water-leachable NO−
3 -N concentrations (mg/kg) of aqueous leached samples vs. depth below ground (BG) (a) LCO-WLC-12-02 and (b) LCO-WLC-12-05. Vertical dashed lines
represent calculated method detection limit (MDL; 0.09 mg/kg) for water-leachable NO−
3 -N concentrations (mg/kg). Horizontal dashed lines deﬁne depositional ages for 12–02 site
location. Depositional ages of site 12-05 are uncertain.
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were present in the upper 40 m of the dump and lower concentrations
below 40 m BG. The two zones can be explained by correlation of
the proﬁles to dump chronology whereby recent (2009–2012) waste
rock (to depths of approximately 25 BG) was placed over older
(1994–1998) waste rock with subsequent transport of NO−
3 -N to greater depths. The median/mean (±standard deviation) NO−
3 -N concentrations in the upper 40 m were 2.86/4.97 ± 5.43 mg/kg with
concentrations ranging from MDL to 24.5 mg/kg. Below 40 m BG the
median/mean (± standard deviation) NO−
3 -N concentrations were
0.38/0.83 ± 1.15 mg/kg and ranged from MDL to 4.80 mg/kg.
Unlike 12-02a, the dump chronology at 12-05a,b,c is not well deﬁned. For example, estimates of the dump surface in 1990 based on
air-photo records vary widely between the three 12-05 drilling locations (from 30 m BG to 100 m BG). Repeated over-dumping resulted
in the formation of a waste rock dump toe near to the 12-05 locations
and consequently earlier ground surface elevations could not be
clearly deﬁned from the available air-photographs. The proximity of a
dump slope may have also resulted in additional nitrate loading to
this site from higher elevation waste rock making the distribution and
source of NO−
3 in the upper portion of the proﬁle difﬁcult to interpret.
However, applying an arbitrary separation of the proﬁle into zones
above and below 100 m BG, the median/mean (±standard deviation)
NO−
3 -N concentrations were 1.12/2.03 ± 2.94 mg/kg for depths in the
upper 100 m, and 0.5/0.88 ± 1.14 mg/kg for depths below 100 m BG.
The lower NO−
3 -N concentrations in the older waste rock relative to
the overlying younger waste rock and the HCs and LPs was attributed
to long term ﬂushing of NO−
3 -N from the dump via inﬁltrating water
(as discussed below) and assumes no major changes in blasting practices over time.
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All NO−
2 -N concentrations from pre- and fresh-blast samples were at
MDL and, with one exception, all NO−
2 -N concentrations from aqueous
extracted dump samples were also below MDL (data not shown). The
one exception yielded a low but measurable water-extractable NO−
2 -N
concentration of 0.21 mg/kg. NO−
2 -N concentrations above MDL were
measured on all ﬁve squeezed samples of fresh-blast rock with concentrations ranging from 0.29 to 3.39 mg/L (data not shown).
3.2. Porewater equivalent concentrations in waste rock
Statistical summaries of porewater equivalent NO−
3 -N concentrations and dissolved NO−
3 -N concentrations (i.e., squeezed) from freshblast and aged waste rock samples are presented in Table 2. A linear correlation (Cpw = 0.8CS + 83; r2 = 0.6; n = 26) exists between porewater
−
equivalent NO−
3 -N concentrations (Cpw) and dissolved porewater NO3 N concentrations (CS) from both fresh-blast and dump samples. The correlation showed that Cpw values can be used to approximate porewater
NO−
3 -N concentrations. As a result, porewater equivalent concentrations were used with the dissolved porewater NO−
3 -N concentrations
to deﬁne the dissolved porewater concentrations with depth at 12-02
and 12-05 (Fig. 4).
The median/mean (± standard deviation) porewater equivalent
NO−
3 -N concentrations of fresh-blast waste rock were 227/497 ±
854 mg/L. The comparable concentrations in ‘young’ waste rock (i.e.
b40 m depth at 12-02A) and ‘old’ waste rock (N 40 m at 12-02A) were
65.6/109 ± 115 mg/L and 7.31/15.8 ± 22.0 mg/L, respectively. At 1205 the median/mean (±standard deviation) mean porewater equivalent NO−
3 -N concentrations were 18.8/44.0 ± 49.2 mg/L for samples
b100 m BG and 8.44/14.7 ± 19.0 mg/L for samples N 100 m BG.

Fig. 4. Porewater equivalent and dissolved (squeezed) porewater NO−
3 -N concentrations (mg/L) of aqueous leached and squeezed samples, respectively vs. depth below ground (BG)
(a) LCO-WLC-12-02 and (b) LCO-WLC-12-05. Vertical dashed line represents calculated (1.56 mg/L) and instrument (0.03 mg/L) method detection limits (MDLs) for porewater
equivalent and dissolved porewater NO−
3 -N concentrations, respectively.
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The evolution in the NO−
3 -N concentrations in the outﬂow water
from the HCs is presented in Fig. 5a. The maximum NO−
3 -N concentrations measured in each cell (ranging from 4.70 to 35.5 mg/L) occurred
generally at the second ﬂushing cycle, corresponding to a cumulative
leachate volume approximately 10 times the porewater volume (PV)
of the HC. PV is the volume of water stored within the columns between
ﬂushing events and was estimated using an assumed VWC of 10%. The
concentrations decrease rapidly with increasing ﬂushing dropping
below 0.1 mg/L after the next 10 PV of ﬂushing.
The NO−
3 -N concentrations in the water collected from the LPs between April 2009 and December 2013 are presented in Fig. 6a. The
peak NO−
3 -N concentrations (7, 62, and 175 mg/L for LP 1, 4 and 3 respectively) occurred within the ﬁrst 6 or 7 months after which they decreased rapidly with subsequent ﬂushing. Assuming an average VWC of
10% (Barbour et al., 2016) the maximum NO−
3 -N concentrations in the
LPs occurred within the ﬁrst 1 or 2 PVs of ﬂushing. The ﬂushing behavior
of the HC and LP are discussed in more detail in the Discussion section
below.
The maximum NO−
2 - and NH3-N concentrations from the LPs ranged
from 0.08–0.34 and 0.12–0.24 mg/L, respectively and the total NO−
2 and NH3-N mass released from these three LPs ranged from 0.003–
0.007 mg/kg and 0.001–0.012 mg/kg, respectively (data not shown).
These values represent a relatively small percentage (0.01–0.50%) of
total N released from these three LPs.

3.3. O2 gas concentrations
The O2 gas concentrations measured at both drill sites are presented
in Fig. 7. Although the O2 gas concentrations are N10% through the majority of the proﬁle, transient zones of O2 depletion (sub oxic condition)

do exist in the dump. The O2 concentrations at 12–02a generally decrease from atmospheric levels (21%) at the ground surface to 5–8% at
34 m BG, remaining b5 vol% between 40 and 66 m BG. The concentrations increased to N13% from 72 BG to the bottom of the proﬁle (85 m
BG). A 5% seasonal ﬂuctuation in the O2 levels was observed at most
depths with lower concentrations in the summer and higher in the winter. The one exception was at 47 m BG where the O2 concentrations increased from 0.2 vol% (approaching oxic conditions) on August 2012 to
20 vol% (oxic) on April 2015.
The O2 concentrations at 12-05C2 were consistently N 15 vol%
throughout the proﬁle with the exception of two depths; 40–80 m BG
and 135–175 m BG. The O2 concentrations in these zones decreased to
b5 vol% for short periods of time over the summer months. Although
the controls on the O2 concentrations at these sites are beyond the
scope of this study, it is likely that convective transport of atmospheric
air through the dump is responsible for the presence of elevated O2 concentrations at depth.

3.4. Isotope analyses of N species
The δ15N-total N analyses of the Mist Mountain source rock (n = 7)
yielded δ15N values that ranged from 2.2 to 4.4‰. A cross-plot of δ15N18
−
NO−
3 vs. δ O-NO3 of aqueous samples from NH4NO3 (the ANFO prill;
n = 1), the FRO-TCR fresh-blast rock (n = 4), LCO-WLC unsaturated
waste rock (n = 33) and WLC rock drain samples (n = 12) is presented
18
−
in Fig. 8. The δ15N-NO−
3 and -NH4 and δ O-NO3 values of the ANFO prill
were 4.3‰, −0.6‰ and 24.9‰, respectively. δ15N-NO−
3 values of most
leached samples from waste rock (29 of 33 samples analyzed) and
rock drain samples ranged from + 0.63 to + 7.23‰. The δ18O-NO−
3
values of these samples were more depleted (−10.4 to +15.7‰) than

−
Fig. 5. NO−
3 -N results of humidity cell tests: (a) concentrations (mg/L) in water ﬂushed from cells vs. time. Horizontal dashed line represents the assumed minimum NO3 -N method
detection limits (MDL) of 0.03 mg/L; and (b) changes in ΣM/Mo vs. PV ﬂushed from cells. The lines represent the ﬁtted constant leaching efﬁciency (f, presented in legend).
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−
Fig. 6. NO−
3 -N results of leach pad tests: (a) concentrations (mg/L) in discharge water vs. time. Horizontal dashed line represents the assumed minimum NO3 -N method detection limits
(MDL) of 0.03 mg/L; (b) cumulative discharge water outﬂow from LPs vs. time; and (c) change in ΣM/Mo vs. PV ﬂushed from LPs. The lines represent the ﬁtted constant leaching efﬁciency
(f, presented in legend).

the ANFO prill (+ 24.9‰). δ15N- and δ18O-NO−
3 values of fresh-blast
samples ranged from +0.61 to +3.34‰ and +21.3 to +26.6‰, respectively. Although a lack of δ15N- and δ18O-NO−
3 enrichment was observed
in most samples, slight enrichments in δ15N- and δ18O-NO−
3 were measured on four leached and four rock drain samples. The leached samples
were collected from 26 and 57 m BG at 12-02 and 40 and 80 m BG at 12–
05; and yielded δ15N- and δ18O-NO−
3 values that ranged from +11.4 to
15.8‰ and − 2.49 to + 3.42‰, respectively. These enriched leached
samples were collected from sub-oxic zones within the WLC dump.

4. Discussion
4.1. Source and initial concentrations of N in waste rock
Analyses of freshly blasted (i.e., fresh-blast rock and HC and LP test
samples) and aged waste rock (waste rock samples from LCO-WLC
boreholes deposited between 1982 and 2012) samples show the
dominant form of N in the dump is NO−
3 -N. The measured median/
mean (± one standard deviation) of porewater equivalent NO−
3 -N
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Fig. 7. Pore-gas O2 concentration (% vol.) collected between August 2012 and April 2015 vs. depth at (a) LCO-WLC-12-02a; and (b) LCO-WLC-12-05C2.

concentrations were 227/497 mg/L (± 854 mg/L) in the fresh-blast
rock, 65.6/109 mg/L (±115 mg/L) in the youngest waste rock (b40 m
depth) at 12–02, with maximum concentrations from LP3 of
−
175 mg/L. In contrast to NO−
3 -N, porewater equivalent NO2 -N concentrations in the fresh-blast and younger waste rock samples as well as

18
−
Fig. 8. δ15N-NO−
3 vs. δ O-NO3 of water samples from NH4NO3 (ANFO prill), FRO-TCR
fresh-blast rock, LCO-WLC waste rock dump, and WLC rock drain. The box represents
the range of δ15N- and δ18O-NO−
3 data for synthetic NH4NO3 fertilizer (Hübner, 1986;
Macko and Ostrom, 1994; Clark and Fritz, 1997; Kendall et al., 1998). The slopes of the
nitriﬁcation and denitriﬁcation lines are from Clark and Fritz (1997).

LPs were below MDL (except one in aged waste rock, 3.56 mg/L) and
are a minor N species. The presence of low NH3-N concentrations in
the HCs (below MDL to 0.51 mg/L) and LPs (below MDL to 0.24 mg/L)
tests relative to NO−
3 -N concentrations in the HCs (below MDL to
35.5 mg/L) and LPs (below MDL to 175 mg/L) indicate that NH3-N is
also a minor N species in the waste rock samples. As such, only NO−
3 N data are discussed below.
Several lines of evidence indicate the source of the NO−
3 -N in the
waste rock to be blasting (i.e., ANFO). Leachable concentrations of
NO−
3 -N in fresh-blast rock (median/mean of 12.6/27.6 (±47.4 mg/kg))
and the concentration of NO−
3 -N in fresh waste rock used in the HCs
and LPs (median/mean values of 24.2/29.7 (± 19.9 mg/kg) and 9.60/
15.1 (± 18.2 mg/kg), respectively) were much greater than in preblast rock (0.20/0.20 ± 0.10 mg/kg). In addition, the similarity between
the δ15N- and δ18O-NO−
3 from fresh-blast rock and a sample of ANFO is
consistent with high NO−
3 -N concentration in fresh-blast rock being de+
rived from ANFO. The isotopic values for δ15N-NO−
3 and -NH4 of an
ANFO prill (+ 4.29 and − 0.61‰, respectively) were also consistent
+
with δ15N-NO−
3 and -NH4 values from synthetic NH4NO3 fertilizer that
ranged between −6.00 and +6.00‰ and −0.91 and ±1.80‰, respectively (Hübner, 1986; Macko and Ostrom, 1994; Clark and Fritz, 1997;
Kendall, 1998). In addition, the δ18O-NO−
3 value of the ANFO prill (+
24.97‰) was consistent with values from synthetic fertilizer in which
the majority of the O2 in the NH4NO3 derived from the atmosphere
(δ18O value of +23.5‰; Kroopnick and Craig, 1972; Horibe et al., 1973).
The NO−
3 -N concentrations were highly variable in the fresh-blast
waste rock samples. This variability was also evident in the depth proﬁles (12-02 and 12-05 sites) and within the HC and LP datasets. Variability in fresh waste rock could be due to a number of factors
including: differences in explosive product used, blast efﬁciency
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between blast holes, dissolution of explosives by water in the blast
holes, dissolution of undetonated explosives from the blasted muck,
proximity of the solid samples to blast holes, or a combination of
these (Cameron et al., 2007; Bailey et al., 2013; Pommen, 1983).
These source variabilities are then compounded by variability in water
migration and the concomitant transport and mixing of aqueous
phase NO−
3 -N.
The leachable median/mean NO−
3 -N concentrations from fresh-blast
rock were 12.6/27.6 (±47.4) mg/kg while the median/mean concentrations were 24.2/29.7 (± 19.9) mg/kg for HCs and 9.56/15.1 (± 18.2)
mg/kg for LPs (Table 3). Using the range of median/mean values of
leachable NO−
3 -N concentrations from 10 to 30 mg/kg, the equivalent
porewater concentrations would range from 190 to 570 mg/L using a
waste rock ρb of 1900 kg/m3 and VWC and 10% (Dawson, 1994;
Barbour et al., 2016). The median/mean concentrations observed in
fresh water rock and the youngest 12-02 samples were 227/497
(±854) mg/L and 65.6/109 (±115) mg/L, respectively.
A summary of initial NO−
3 -N concentrations and the estimated %N
loss (i.e., residual N discharge from undetonated explosives remaining
on the waste rock after the blasting) is presented in Table 3 for the HC
and LP tests. It was assumed that the residual N discharge from
undetonated explosives was similar at each operation site (LCO and
FRO) and within an individual site for rock blasted at different times.
The N losses from blasting were estimated based on the waste rock
volumes of FRO-TCR (1.35 × 106 BCM) as well as for the HCs and LPs.
These calculations assume a ρb of 2200 kg/BCM and a powder factor of
0.7. Ferguson and Leask (1988) report powder factors for FRO of 0.4–
0.7 from 1981 to 1991, consistent with the powder factor of 0.7 reported
for coal mining by Canadian Mining Journal (2004). The median concentration of NO−
3 -N in the fresh-blast rock, the HCs and the LPs equates to
losses of 5.8, 6.8, and 3.2% from explosives. These values are greater than
N losses of between 1.4 and 2.9% estimated by Ferguson and Leask
(1988) using LCO explosive recipe data for 1993–2010 (data not presented). However, they are consistent with losses (5.4%) reported for
the Diavik mine by Bailey et al. (2013). The relatively low values reported by Ferguson and Leask (1988) is attributed to their assumption that

Table 3
Summary of initial NO−
3 -N concentration (mg/kg) and %N loss from laboratory leach tests,
humidity cell and leach pad experiment assuming bench dry bulk density of 2200 kg/m3
and a powder factor of 0.7 kg/BCM.
NO−
3 -N
mg/kg

NO−
3 -N
kg/BCM

Total initial NO−
3 -N
kg

%N loss

FRO fresh-blast rock (n = 36)
Mean
27.6
St Dev
47.4
Median
12.6
Max
241
Min
0.04

6.1E−02
1.0E−02
2.8E−02
5.3E−01
9.9E−05

1.4 × 106
1.4 × 106
1.4 × 106
1.4 × 106
1.4 × 106

5.85
10.0
2.67
51.0
0.01

Humidity cells (n =
HC13 - Type A
HC14 - Type A
HC27 - Type A
HC17 - Type B
HC18 - Type B
HC28 - Type B
HC19 - Type C
HC20 - Type C
Mean
St Dev
Median

8)
9.84
11.2
14.4
29.3
60.8
19.0
55.4
37.8
29.7
19.9
24.2

2.2E−02
2.5E−02
3.2E−02
6.4E−02
1.3E−01
4.2E−02
1.2E−01
8.3E−02
6.5E−02
4.4E−02
5.3E−02

4.73 × 10−4
4.73 × 10−4
4.73 × 10−4
4.73 × 10−4
4.73 × 10−4
4.73 × 10−4
4.73 × 10−4
4.73 × 10−4
4.73 × 10−4
4.73 × 10−4
4.73 × 10−4

2.08
2.37
3.05
6.20
12.9
4.02
11.7
8.00
6.29
4.21
5.11

Leach pads (n = 3)
LP1 - Type A
0.34
LP3 - Type B
35.5
LP4 - Type C
9.56
Mean
15.1
St Dev
18.2
Median
9.56

7.5E−04
7.8E−02
2.1E−02
3.3E−02
4.0E−02
2.1E−02

142
111
85.2
113
28.6
111

0.07
7.50
2.02
3.20
3.85
2.02
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the total soluble N released in the waste rock could be estimated directly
from the annual N release in down-gradient streams in affected watersheds referenced directly to the volume of water rock placed in that
year, without taking into account the time required for the NO−
3 to
ﬂush through the entire dump thickness.
4.2. Geochemical controls on nitrate in the dump
The δ18O and δ15N of water extractable NO−
3 samples from the dump
and WLC rock drain water samples exhibited evidence of nitriﬁcation of
ANFO (Fig. 8) relative to the fresh-blast and ANFO samples. Speciﬁcally,
the δ18O-NO−
3 data of the dump (− 10.4 to + 15.7‰) and WLC rock
drain (− 7.06 to + 3.06‰) were depleted relative to the ANFO
(+25‰) while the δ15N-NO−
3 remained relatively unchanged. This isotopic shift is consistent with the literature on nitriﬁcation of synthetic
NH4NO3 fertilizer (Fig. 8; Clark and Fritz, 1997; Kendall, 1998).
Slight enrichments in δ15N- and δ18O-NO−
3 values of four water extractable samples (ranging from + 11.4 to 15.8‰ and − 2.49 to +
3.42‰; Fig. 8) relative to most of the NO−
3 samples collected from the
dump and rock drains may suggest minor denitriﬁcation (see denitriﬁcation line in Fig. 8). These enriched values were collected from sub-oxic
zones (0.2–10.9 vol%; Fig. 5). Under sub-oxic conditions, NO−
3 can serve
as a secondary oxidant and undergo denitriﬁcation (Clark and Fritz,
1997). The presence of high dissolved NO−
3 -N concentrations in the variably sub-oxic zones at 12-02a and 12-05C2 (e.g., 26–70 m BG at 1202a; 40 and 75 m BG at 12-05C2; Fig. 5) are consistent with limited denitriﬁcation. The δ18O- and δ15N- of water extractable NO−
3 samples suggest an overall lack of denitriﬁcation in the dump. As such, NO−
3 can be
considered a conservative species in the dump.
4.3. Flushing of nitrate from humidity cells, leach pads and rock drain
The cumulative mass of NO−
3 -N released from each HC and LP (ΣM)
was normalized with respect to the initial total NO−
3 -N (Mo) and plotted
vs. estimated ﬂushing water volumes expressed in terms of PV (Figs. 5b
and 6c). The PVs were estimated from the cumulative volume of water
released from the HC or LP divided by the estimated volume of water
stored within the waste rock. In the case of the HC, the PV was calculated using an average ρb of 1200 kg/m3 and an assumed VWC of 10%.
Measurements on other HC cells from the same weathering tests, although not the cells presented here, had a ρb of 1200 kg/m3 ±
200 kg/m3. In the case of the LPs it was assumed that the loosely placed
waste rock had a ρb of 1700 kg/m3 and a VWC of 10%.
The mass released from each HC or LP with time was calculated
using a simple deterministic soil leaching model proposed by Van
Hoorn (1981). This type of model represents physical processes such
as water ﬂow and solute transport processes in a functional manner
by tracking changes in water and mass storage (capacity based) rather
than simulating advective/diffusive rates (i.e. a ﬂux based formulation)
(Corwin et al., 1991, Addiscott and Wagenet, 1985). Eloubaidy et al.
(1993) showed that these ‘series of reservoir’ models of leaching generally performed better than advection-dispersion models in highly structured soils (e.g. sand loam and silty clay).
The leaching efﬁciency in the Van Hoorn (1981) model is deﬁned as
the fraction (f) of the volume of water (Vf) added to the proﬁle that
mixes with the resident porewater volume (Vp) within the soil proﬁle.
The added water has a concentration of Cf and the soil proﬁle has an initial concentration of Cp. The new porewater concentration (Cp′) can
then be calculated as follows:



ðV f  f C f Þ þ Vp  Cp

Cp0 ¼
V f  f þ Vp

ð3Þ

In the case of the HC and LP data, the value of Cf was assumed to be
zero. The mass released after each ﬂushing event is calculated from the
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change in Cp and the stored water volume (which is assumed to be
constant).
The value of f was estimated from a visual best ﬁt to the ΣM/Mo vs.
PV observed for each HC or LP. A initial PV offset was used to match the
ΣM/Mo curves when extrapolated to the origin (i.e. M/Mo ~ 0). The offset was assumed to represent the initial volume of water required to
create the initial wet up of the sample in the case of the HC, or stored
water in water collection system in the case of the LP. The visual best
ﬁt of the observed and predicted ΣM/Mo vs. PV curves are shown in
Fig. 5b for the HC and in Fig. 6c for the LP. The leaching efﬁciencies obtained for all HCs and LPs are summarized in Table 4.
It is important to note that the best-ﬁt value of f is proportional to
the assumed Vp. For example, if the VWC was 5% rather than 10% then
the same estimated calculated ΣM/Mo vs. PV curve could be obtained
using a value of f that was half of that used when the VWC was assumed
to be 10%. It is also important to note that a constant value of f will not
likely reﬂect the leaching behavior throughout the leaching process.
Van Hoorn (1981) notes that the value of f is likely to decrease as ΣM/
Mo increases and the residual mass becomes increasingly isolated
from the ﬂow paths. It is also likely, particularly in the case of the LPs,
that f may decrease during high intensity inﬁltration events which
cause preferential ﬂow paths to become more active relative to nonpreferential or matrix ﬂow paths (Neuner et al., 2013). This effect was
evident in the LP when lower concentrations of efﬂuent were released
during periods of high discharge. It is also important to note that the
lowest leaching efﬁciencies were for LP3 and LP4 which had the thinnest waste rock depth (~ 1.5 m vs 2.3 for LP1) and in the case of LP3
the highest cumulative ﬂow.
To illustrate how this method could be applied at a ﬁeld scale, the
same model was used to represent the evolution of the equivalent
pore-ﬂuid concentrations at the 12-02 proﬁle. The 12-02 proﬁle was
characterized as a series of 5 m thick layers which were assigned a constant value of stored water volume based on the average measured
water contents and an assumed dry density (1900 kg/m3). The layers
below a speciﬁed depth were initiated with a normalized concentration
(C/Co) of 1.0 at the time of placement based on the dump chronology
depicted in Fig. 3. Depths N30 m were initialized in 1994; the 20–
30 m depth was initialized in 1998; and the upper portion was initialized in annual 5 m increments from 2010 to 2012. The Cf applied to
the uppermost block in the proﬁle was zero; however at depth, the concentration of the mixed efﬂuent from each block was remixed with the
bypass ﬂow (Vf ∗ (1 − f)) and applied to the subsequent block. Van
Hoorn (1981) shows that the layer depth corresponds to a ‘mixing
length’ and consequently creates an artiﬁcial dispersivity equal to the
layer depth. Flushing of the layered system was assumed to occur
once annually at an average annual net percolation rate (Vf). Flushing
of each block was calculated from surface and propagated downward
through the layered system to establish a new set of concentrations
within each layer. The observed NO−
3 -N pore-water equivalent concentrations were normalized to the measured mean porewater equivalent

concentration for the 12-02 proﬁles above the 40 m depth (Table 2)
of 109 mg/L. Two values of net percolation (600 and 750 mm/year)
were selected to represent a range of values similar to those
reported by Villeneuve et al. (2017) for the same site based on an independent study of seasonal and historical rock drain outﬂows. The
values of f selected range from 100% efﬁciency (f = 1) to a minimum
value (f = 0.75) that still enveloped the observed data.
The results of the simulation are presented in Fig. 9. Given the high
degree of variability in the nitrate source term and the heterogeneous
nature of a waste rock dump this model is intended to be more illustrative than predictive; however, in spite of its simplicity, the results highlight that a reasonable distribution of NO−
3 -N with depth is represented
by the model. The simulation is unable to capture highly variable concentrations in the upper 30 m of the proﬁle. This is not entirely
unexpected given the observed spatial variability in the NO−
3 -N concentrations in fresh waste rock and the greater potential for preferential
ﬂow at shallow depths. The deep proﬁles where nitrate ﬂushing is
well advanced are captured quite well by the model and the associated
assumptions regarding dump chronology, f, Co, and Vf. It may be important to note; however, that even though the model shows nearly complete ﬂushing of the oldest part of the proﬁle (60–80 depth), it is
possible that the low concentrations in this zone may also be due in
part to denitriﬁcation associated with the low levels of oxygen present
at these depths (Fig. 7).
The change in the value of f with scale is apparent if the values for the
HC and LP are compared to the range of values used in Fig. 9 (i.e. 75% and
100%). The high rates of ﬂushing and small sample sizes for the HCs produces very low values of f (5–15%) while the larger volumes and lower
ﬂushing rates of the LP produces much higher values of f (35%, 45% and
80%). The highest value of f from LP1 is in the same range as that used
for the ﬁeld proﬁle (70% and 90%). These values are consistent with recent observations by Villeneuve et al. (2017) and Barbour et al. (2016)
who highlight that the ﬂow rates within rock drains located at the

Table 4
Summary of leaching efﬁciencies (f) for the humidity cells (HC) and leach pads (LP).
Material type

A
A
A
B
B
B
C
C

Humidity cells

Leach pads

HC

f

PV offset

LP

f

PV offset

HC13
HC14
HC27
HC17
HC18
HC28
HC19
HC20
Mean
St Dev
Median

0.15
0.15
0.17
0.015
0.12
0.065
0.05
0.11
0.10
0.06
0.12

8
7
7
5
5
10
6
4
6.5
1.9
6.5

LP1

0.8

0

LP3

0.35

1

LP4

0.45

0.6

0.53
0.24
0.45

0.5
0.5
0.6

Fig. 9. Simulated (lines) and observed (symbols) normalized nitrate proﬁles for LC-WLC12-02. Porewater equivalent concentrations from 12-02a are normalized (C/Co) to the
mean porewater equivalent NO−
3 -N (mg/L) from 12-02 proﬁles above 40 m depth (i.e.
109 mg/L).
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base of the waste rock proﬁle are highly buffered relative to the recharge rates at surface.
There are few documented cases of measured scale dependency in
chemical ﬂushing from waste rock. Malmström et al. (2000) explored
how laboratory scale weathering experiments might be adjusted to obtain full dump scale weathering rates by taking into account differences
in geochemical conditions (temperature, pH, mineral content, and particle size) as well as hydrological ﬂow paths (leaching efﬁciency). A hydrological scaling factor was assigned to represent the ratio between
mobile (readily ﬂushed) and total water content based on the observations made by Eriksson et al. (1997). Eriksson et al. (1997) applied a
conservative tracer slug (bromide) to six columns of unsaturated
waste rock, each 2 m high, irrigated at the average annual expected recharge rate, as well to 4 ﬁeld lysimeters containing approximately 0.5 m
of waste rock and exposed to natural precipitation. The arrival of the
center of mass was used to estimate a ‘mobile’ water content, which
when divided by the estimated total VWC provides a form of leaching
efﬁciency. The average VWC of the waste rock was approximately
10%. The column tests showed approximately 100% leaching efﬁciency
(no preferential ﬂow) while the leaching efﬁciency in the ﬁeld lysimeters ranged from 55%–70%.
Eriksson et al. (1997) don't report a particle size for their studies;
however, Barbour et al. (2016) highlighted in a review of the literature
how waste rock may exhibit either non-capillarity (macro-pore ﬂow) or
capillarity (matrix ﬂow) depending on particle size distribution. They
note a commonly used threshold particle size separating capillarity vs.
non-capillarity behavior as soils with N 20% of particles ﬁner than
2 mm (#10 U.S. Standard sieve) or 40% ﬁner than 4.75 mm (#4 U.S.
Standard Sieve) (Holmquist et al., 1983; Smith et al., 1995; Strohm
et al., 1978). In the case of the WLC site, these conditions are met if particle sizes N 100 mm are assumed to either be absent (i.e. segregation
during dumping) or are encapsulated within the matrix of ﬁner particles as depicted in Fig. 2. A similar observation was made by Amos
et al. (2014) who notes how matrix dominated ﬂow and relatively
high leaching efﬁciency occur in waste rock dumps with similar ‘soillike’ textures.
5. Conclusions
Samples obtained from pre-blast rock as well as fresh-blast rock
combined with stable isotope (δ18O and δ15N) data demonstrate that
the NO−
3 in the waste rock dump is derived from blasting and oxidation
of blasting residuals (i.e. nitriﬁcation). The initial NO−
3 -N concentrations
ranged from 10 to 30 mg/kg, porewater equivalent concentrations of
190–570 mg/L for waste rock with a ρb of 1900 kg/m3 and a VWC of
10%. However; the distributions of NO−
3 concentration in fresh blast
and aged rock are highly variable, reﬂecting both the initial spatial variability in the distribution of NO−
3 as well as the physical and hydrological heterogeneity of the waste rock at depth. An improved
understanding of NO−
3 release could be gained by evaluating the history
of explosive product use and quantity at the site and additional measurements of the NO−
3 concentrations in the waste rock prior to placement in the dumps.
Denitriﬁcation is limited in the unsaturated waste rock dump. As
such, the distribution of NO−
3 in the dump was used as a conservative
tracer to determine leaching efﬁciency and rates of water migration
through the dump. The time dependent releases of NO−
3 from the HCs
and LPs as well as the depth proﬁles of NO−
3 from the ﬁeld proﬁles highlight similar leaching processes, albeit with a wide range of leaching efﬁciencies depending on the scale (i.e., volume) of waste rock being
tested. Low leaching efﬁciencies were associated with smaller volumes
of waste rock subject to periodic high rates of water ﬂow (i.e., HC and
LP) with greater leaching efﬁciencies suggested for the deeper ﬁeld
proﬁles.
The understanding of the origin, fate and ﬂushing rates of NO−
3 in the
dump generated from the current study, interpreted in the context of
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the history of dump construction, should assist in future evaluations of
the long-term releases of NO−
3 from waste rock dumps. Critical elements of this estimate would require veriﬁcation of matrix dominated
ﬂow within the dump (i.e. high leaching efﬁciency), an estimate of the
average stored water volume within the dump, the initial NO−
3 concentrations within the pore-water following dump placement, and the average annual rate of net percolation into the dump. For example, for a
100 m dump, placed at an average volumetric water content of 10%
and ﬂushed at a net percolation rate of 750 mm/year one would expect
that it would take approximately 13 years to release most of the initial
NO−
3 within the dump.
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