Science of the Total Environment 640–641 (2018) 127–137

Contents lists available at ScienceDirect

Science of the Total Environment
journal homepage: www.elsevier.com/locate/scitotenv

Assessing the fate of explosives derived nitrate in mine waste rock dumps
using the stable isotopes of oxygen and nitrogen
M. Jim Hendry a,⁎, Leonard I. Wassenaar b, S. Lee Barbour c, Marcie S. Schabert d, Tyler K. Birkham e,
Tony Fedec f, Erin E. Schmeling a
a

Department of Geological Sciences, University of Saskatchewan, 114 Science Place, Saskatoon, SK S7N 5E2, Canada
International Atomic Energy Agency, Vienna, International Centre, 1400 Vienna, Austria
Department of Civil and Geological Engineering, University of Saskatchewan, 57 Campus Drive, Saskatoon, SK S7N 5A9, Canada
d
SRK Consulting (Canada) Inc., 1066 W Hastings St., Vancouver, BC V6E 3X2, Canada
e
O'Kane Consultants Inc., 905C Industrial Road 2, Cranbrook, BC V1C 4C9, Canada
f
Teck Coal Ltd., P.O. Box 3000, Sparwood, BC V0B 2G1, Canada
b
c

H I G H L I G H T S

G R A P H I C A L

A B S T R A C T

• NH4NO3 used in blasting is an important
source of NO3 contamination.
• Blasted waste rock dump samples were
analyzed for NO3 and its stable isotopes.
• Isotopes showed the extent of nitriﬁcation of NH4NO3 in oxic zones in dumps.
• Isotopes showed the extent of denitriﬁcation in anoxic zones in dumps.
• Isotopes provided estimates of the NO3
concentrations prior to denitriﬁcation.
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a b s t r a c t
Ammonium nitrate (NH4NO3) mixed with fuel oil is a common blasting agent used to fragment rock into workable size
fractions at mines throughout the world. The decomposition and oxidation of undetonated explosives can result in high
NO–3 concentrations in waters emanating from waste rock dumps. We used the stable isotopic composition of NO–3
(δ15N- and δ18O-NO–3) to deﬁne and quantify the controls on NO–3 composition in waste rock dumps by studying
water-unsaturated and saturated conditions at nine coal waste rock dumps located in the Elk Valley, British Columbia,
Canada. Estimates of the extent of nitriﬁcation of NH4NO3 in oxic zones in the dumps, initial NO–3 concentrations prior to
denitriﬁcation, and the extent of NO–3 removal by denitriﬁcation in sub-oxic to anoxic zones are provided. δ15N data
from unsaturated waste rock dumps conﬁrm NO–3 is derived from blasting. δ15N- and δ18O-NO–3 data show extensive
denitriﬁcation can occur in saturated waste rock and in localized zones of elevated water saturation and low oxygen
concentrations in unsaturated waste rock. At the mine dump scale, the extent of denitriﬁcation in the unsaturated
waste rock was inferred from water samples collected from underlying rock drains.
© 2018 Published by Elsevier B.V.

1. Introduction
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Nitrate (NO–3) contamination of surface and groundwater is a global
environmental problem. Loading of nitrogen (N) to surface and
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groundwater is generally attributed to the use of fertilizers, release of biological waste from agriculture or municipal sources, landﬁll efﬂuent,
and elevated levels of atmospheric N deposition (c.f., Benkovitz et al.,
1996; Hallberg, 1989; Power and Schepers, 1989; Seiler et al., 1999;
Wakida and Lerner, 2005). These anthropogenic N inputs can result in
NO–3 concentrations that exceed the drinking water limit of 10 mg
NO–3-N L−1 (WHO, 2004; Health Canada, 2014; U.S. EPA, 2009) and contribute to the eutrophication of water bodies (Deutsch et al., 2006;
Kaushal et al., 2011).
Worldwide, approximately 65% of NH4NO3 is used in agricultural
fertilizer applications, with the remainder used for explosives
(Chemical Economics Handbook, 2016). In the mining industry,
NH4NO3 is often mixed with fuel oil to create explosives (referred to
as ANFO). The NH4NO3 in ANFO is soluble in water and dissociates
–
+
into dissolved NO–3 and NH+
4 . The release of NO3 and NH4 to the environment from explosives during mining is generally attributed to
NH4NO3 spillage or incomplete detonation and subsequent dissolution
(Cameron et al., 2007; Pommen, 1983). Under oxic conditions, NH+
4
can undergo nitriﬁcation to NO–3 as described by:
−
þ
NH þ
4 þ 2O2 ↔NO3 þ 2H þ H 2 O:

ð1Þ

Although nitriﬁcation is a multi-step oxidation process facilitated by
autotrophic microorganisms (e.g., Nitrosomonas and Nitrobacter), the
evolution of dissolved N species during and after blasting is poorly understood. Under oxygen-depleted conditions, dissolved NO–3 can be irreversibly reduced to N2 via bacterial denitriﬁcation (c.f., Appelo and
Postma, 2005; Kendall, 1998). The electron transfer processes for complete denitriﬁcation from dissolved NO–3 to gaseous N2 can be described
by:
2NO3 − þ 10e− þ 12H þ →N 2 þ 6H2 O:

ð2Þ

Denitriﬁcation is carried out by several different enzymes, leading to
different intermediates:
NO3 – →NO2 − →NO→N2 O→N2 :

ð3Þ

Sub-oxic to anoxic conditions can exist in unsaturated mine waste
rock dumps (Mahmood et al., 2017) and in saturated waste rock
(Dockrey et al., 2015). Denitriﬁcation is a potential NO–3 removal mechanism in both of these environments.
Soluble NO–3 is transported through and out of the waste rock by
recharging percolating waters. Bailey et al. (2013), Mahmood et al.
(2017), and Villeneuve et al. (2017) interpret NO–3 transport through
waste rock as conservative (i.e., non-reactive) due to typically welloxygenated conditions in unsaturated rock dumps. The concentrations
of NO–3 in freshly blasted waste rock can be great and highly variable.
Mahmood et al. (2017) report mean measured porewater NO–3-N concentrations of 497 ± 854 mg L−1 in a fresh coal waste rock dump.
Dockrey et al. (2015) report NO–3-N concentrations in coal waste rock
seepages from 5 to over 100 mg L−1 depending on the size and age of
the waste rock dump. Measured dissolved concentrations from seepage
outﬂow at a diamond mine were 2000 mg NO–3-N L−1 and 410 mg NH3N L−1 (Bailey et al., 2013). Concentrations of dissolved NO–3- and NH3-N
in mine efﬂuent from uranium mines ranged from 60 to 80 and 53 to
350 mg L−1, respectively (Schmidt and Moffett, 1979), many times
higher than the drinking water exceedance limits.
The NO–3 inputs resulting from mining can affect surface waters. For
example, the Elk River watershed drains 4450 km2 of the Rocky Mountains to the Kootenay River and Koocanusa Reservoir (Fig. 1). This valley
is a major steelmaking coal production region in Canada (Goodarzi et al.,
2008). During the 1960s and 1970s, mean N (NO–3-N + NO–2-N) concentrations in the Elk River south of Sparwood (Fig. 1) were b0.01 mg L−1
(Clark and Peppin, 1984; McDonald, 1987). Rising trends in riverine
NO–3 concentrations were observed in the early 1980s (Ferguson and

Leask, 1988; McDonald, 1987; Pommen, 1983), and data from 2009 indicated continued increases in NO–3 + NO–2-N concentration in the Elk
River south of Sparwood (Fig. 1) to 0.5–1.4 mg L−1, varying seasonally
(Dessouki and Ryan, 2010). In smaller order streams in mine subcatchments, the NO–3-N concentrations were greater. For example,
Villeneuve et al. (2017) show mean yearly NO–3 concentrations in
West Line Creek (Fig. 1) increasing from 6.5 mg L−1 in 1994 to
38.5 mg L−1 in 2006 and then decreasing slightly to 26.7 mg L−1 in
2014. The increasing concentrations of NO–3 in the Elk River were correlated to the volume of waste rock produced in the Elk Valley (Strategic
Advisory Panel on Selenium Management, 2010). Ferguson and Leask
(1988), Mahmood et al. (2017), and Villeneuve et al. (2017) attribute
the source of this riverine NO–3 to N-based explosives used in rock
blasting.
The dual-isotope approach (δ15N and δ18O in NO–3) has been successfully used to ﬁngerprint distinctive NO–3 sources, deﬁne NO–3 transport
pathways, and identify N biotransformation processes (e.g., nitriﬁcation
and denitriﬁcation) in groundwaters, lakes, and marine environments
(c.f., Aravena and Robertson, 1998; Böhlke et al., 2002; Brandes et al.,
1998; Einsiedl et al., 2005; Lehmann et al., 2003; Voss et al., 2001;
Wassenaar, 1995). The stable isotopes of N and O (and H and C) have
also been used to discriminate between types of explosives (Widory
et al., 2009) and to characterize the fate of NO–3 from blast rock used as
ﬁll to build roadways (Degnan et al., 2015). The dual-isotope approach
has not, however, been applied to characterize the NO–3 source term or
the N transformation processes that might be occurring in mine waste
rock.
A multi-disciplinary research and development program was initiated by Teck Resources in 2012 to investigate the inﬂuence of mining
on the fate and transport of solutes (speciﬁcally Se, NO–3, SO2–
4 , Cd)
from low sulﬁde–high carbonate mine dumps in the Elk Valley, British
Columbia, Canada. As part of this study, Mahmood et al. (2017) report
NO–3 in the dumps in the Elk Valley is derived from blasting practices.
They used nitrate isotope analyses at one dump to show that nitriﬁcation of the ANFO contributes to NO–3 loading within the waste rock
dump. They did not, however, study the post-blasting evolution of dissolved N species as it relates to the nitriﬁcation process or address potential denitriﬁcation. The current study greatly extends the ﬁndings
of Mahmood et al. (2017) by conducting additional geochemical investigations at nine coal waste rock dumps located in the Elk Valley to generate an improved (i.e., water-saturated and unsaturated
environments) interpretation of the N system in saturated and unsaturated waste rock dumps. Determining the source(s) and evolution of
NO–3 in contaminated systems is generally difﬁcult due to the common
presence of multiple N sources, overlapping isotopic source values,
and complex biologically mediated reactions (Aravena et al., 1993;
Granger et al., 2008; Mengis et al., 2001; Vavilin and Rytov, 2015; Xu
et al., 2015). In the case of mine waste rock, however, one source of
NO–3 dominates: ANFO. This simplicity in source provides an opportunity to examine the isotope fractionation of both N and O during and
after blasting (e.g., the NO–3 source term) and any post hoc denitriﬁcation. In the latter case, the observed degree of isotopic fractionation
can also be used, with the measured NO–3 concentration, to estimate
the NO–3 source concentration prior to the onset of denitriﬁcation. We
hypothesized the application of the stable isotopes of NO–3 could be
used to deﬁne the NO–3 source term, determine under which mine environments denitriﬁcation occurs, as well as quantify the extent of denitriﬁcation and the original NO–3 source concentrations.
2. Study sites and methods
2.1. Study sites and sampling
Mining of high- to low-volatile bituminous coal from the Mist Mountain Formation of the Jurassic-Cretaceous Kootenay Group, has been ongoing in the Elk Valley, southeastern British Columbia, Canada since the
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Fig. 1. Location of (a) Elk Valley, British Columbia, Canada; and (b) regional coal mining operations (FRO, GHO, LCO and EVO, and CMO) in the Elk River watershed (delineated with a solid
white line). The location of the surface water-sampling site at West Line Creek is shown by a solid red circle. Figure modiﬁed from Mahmood et al. (2017). (For interpretation of the references to colour in this ﬁgure legend, the reader is referred to the web version of this article.)

late nineteenth century (Hendry et al., 2015). Large-scale open-pit coal
mining in the Elk Valley commenced in the 1960s (Lussier et al., 2003).
These operations produced 26.7 Mt of coal by 2014 (Teck Resources,
2015). The production of coal has generated about 4.7 billion bank
cubic meters (cubic metre of rock or material in situ before it is drilled
and blasted) of waste rock that has been deposited in waste dumps.
Waste rock dumps in the valley are generally end-dumped on ground
surface. End dumping results in large dumps with maximum thicknesses of approximately 200 m. These dumps are, for the most part, unsaturated. In some cases, the waste rock is dumped in mined-out pits
that are allowed to ﬂood (referred to as back-ﬁlled pits), saturating
the waste rock. In most cases, unsaturated waste rock exists above
these back-ﬁlled pits.
The dumps investigated were located in ﬁve open-pit mining operations in the Elk Valley: Coal Mountain Operations (CMO), Elkview Operations (EVO), Line Creek Operations (LCO), Greenhills Operations
(GHO), and Fording River Operations (FRO) (Fig. 1). The water levels
in the saturated pits are controlled by decant points associated with
the lowest elevation in the pit wall. Most (95–100%) of the waste rock
is dominated by interburden siltstones and mudstones and thin, unminable coal seams (Hendry et al., 2015) and has no reported history
of acid rock drainage because of the low sulﬁde content coupled with
high carbonate content (Day et al., 2012).

Solids samples were collected from unsaturated dumps at LCO-West
Line Creek (WLC), EVO-Bodie (BR), and FRO-Turn Creek (TC) (Table 1).
Solid samples of aged unsaturated waste rock were collected to a depth
of 181 m below ground (BG) from two boreholes at WLC (WLC-12-02
and 12-05) (n = 205) and to a depth of 89 m BG at BR (BR-12-01 and
12-02) (n = 158) in 2012. Core samples of waste rock were collected
using a truck-mounted sonic drill rig (Sonic Rig 1524) to a maximum
depth of 87 m BG. These samples were augmented with solid samples
collected to a depth of up to 181 m BG using a truck mounted air rotary
drill rig (Foremost DR 24 drill). The WLC samples were deposited between 1982 and 2012 and the BR samples between 1994 and 2001.
Grab samples (n = 35) from fresh (b10 d old) waste rock collected during construction of the TC dump were collected in 2012. Both WLC and
BR were constructed using end-dump methods whereas TC was constructed to a ﬁnal thickness of 45 m in 10–20 m high lifts.
Water samples were collected from rock drains located at the base of
four unsaturated dumps (Table 1); BR (BRD), WLC (WLCD), GH-North
Thompson (NTD), and CMO-Corbin Creek (CCD). Samples were collected proximal to where the rock drain water emerged from the
dumps. Rock drains consisted of large cobbles and boulders created by
particle segregation during end-dumping (Morin et al., 1991). The
chemistry of the water in the drains represents an integrated sample
of water that drains vertically through the dump, as well as water
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Table 1
Sampling sites.
Dump

Operation

Sample type

Samples

Unsaturated dump samples
West Line Creek (WLC)
West Line Creek Drain (WLCD)
Bodie (BR)
Bodie Drain (BRD)
Turn Creek (TC)
North Thompson Drain (NTD)
Corbin Creek Drain (CCD)

Line Creek Operations (LCO)
Line Creek Operations (LCO)
Elkview Operations (EVO)
Elkview Operations (EVO)
Fording River Operations (FRO)
Greenhills Operations (GHO)
Coal Mountain Operation (CMO)

Dump core
Water sample
Dump core
Water sample
Grab sample
Water sample
Water sample

Aged dump
Rock drain
Aged dump
Rock drain
Fresh dump
Rock drain
Rock drain

Saturated dump samples
14PDP
F2
Henretta (HM)
MSAW

Coal Mountain Operation (CMO)
Elkview Operations (EVO)
Fording River Operations (FRO)
Line Creek Operations (LCO)

Water sample
Water sample
Water sample
Water sample

Dewatering pipe
Piezometers
Piezometers
Wells, inﬂow, and decant water

moving laterally into the dump from the adjacent watersheds (Lighthall
et al., 1985; Villeneuve et al., 2017). Water samples were collected from
BRD between May 2012 and May 2013, from WLCD between July 2012
and December 2014, from NTD between July 2012 and February 2014,
and from CCD between April 2015 and August 2015.
Water samples were also collected from saturated zones (saturated
ﬁlls) below the water table at EVO-F2 (F2; 15 to 69 m below water
table), FRO-Henretta (HM; 12 and 38 m below water table), LCOMSAW (MSAW; 10 to 67 m below water table), and CMO-14PDP
(14PDP; about 10 m below water table) (Table 1). These water samples
were collected from monitoring wells or Waterloo sampling ports™
installed at varying depths below the water table (F2, HM, MSAW),
from a pit dewatering pipe (14PDP), and pit inﬂow and decant samples
(MSAW). At least three well volumes were purged from all groundwater samplers prior to sampling; the exception was F2 samples, for which
groundwater was pumped until ﬁeld parameters stabilized. All water
samples from below the water table were collected between September
2013 and July 2017.
2.2. Nitrogen concentrations
Water extractable concentrations of NO–3- and NO–2-N (mg/kg) from
the WLC and TC samples were determined using the aqueous leaching
method described in MEND (2009) and Mahmood et al. (2017). In general, samples were oven-dried, disaggregated, and crushed. They were
then placed in 1 L high-density polypropylene bottles (HDPE) with
Milli-Q water at a 3:1 water to solids ratio and agitated using a shaker
table for 48 h. Subsamples of supernatant were decanted into 50-mL
HDPE centrifuge vials and centrifuged at 3000 rpm until clear after
allowing the solids to settle for 24 h. The supernatant samples were ﬁltered with 0.45-μm ﬁlters and collected in 30-mL HDPE bottles for analyses. The water extract concentrations were converted to porewater
equivalent NO–3 concentrations using EPA Method 300.1 (Hautman
and Munch, 1997) as described by Mahmood et al. (2017). Mahmood
et al. (2017) show the calculated porewater equivalent concentrations
reﬂect the actual porewater concentrations for a duplicate suite of samples from WLC, suggesting the calculated porewater equivalent NO–3
concentrations represent in situ porewater concentrations.
All water samples for chemical and isotopic analyses were ﬁeld ﬁltered through 0.45-μm ﬁlters into 60-mL HDPE bottles, then refrigerated or frozen for subsequent isotopic analyses. The NO–3- and NO–2-N
concentrations from the waste rock samples from WLC (coreholes 1202 and 12-05), all samples from the rock drains, and the samples from
14PDP and HM were measured using a Dionex ICS2100 coupled to a
Dionex AS-AP Autosampler with Dionex IonPac AS9-HC 2 × 2 mm exchange. Method detection limits (MDLs) for NO–3- and NO–2-N were
0.03–0.05 mg L−1. Analytical accuracy and precision were b5 % for
both analytes. The NO–3-, NO–2- and NH3-N concentrations from MSAW
and F2 were determined by a commercial laboratory. The concentration

data from WLC, WLCD, BRD, and CCD were augmented with routine
monitoring data collected by Teck Resources and the University of Saskatchewan between 1994 and 2015. The NO–3 data from WLCD, WLC,
and TC are reported elsewhere (Mahmood et al., 2017; Villeneuve
et al., 2017).
2.3. Isotopic analyses
Aqueous extractable and dissolved NO–3 samples were selected for
δ15N- and δ18O-NO–3 analyses. Extractable samples were collected from
WLC and TC. The NO–3 from water samples collected from the rock drains
(WLCD, BRD, NTD, and CCD) and from the saturated ﬁlls (F2, HM, and
MSAW) was also subjected to isotopic analyses. The samples collected
at each site are presented in Table A1. The δ15N- and δ18O-NO–3 analyses
of the water samples from TC, WLC, WLCD and one sample of ANFO
(NH4NO3) are presented in Mahmood et al. (2017).
Water samples were submitted to the University of Calgary for δ15Nand δ18O-NO–3 analysis. The δ15N and δ18O values were determined
using the denitriﬁer method that uses bacterial reduction of NO–3 to
N2O (University of Calgary, 2014; http://www.ucalgary.ca/uofcisl/
techniques). Analytical accuracy and precision of the δ15N- and δ18ONO–3 analyses were ± 0.3 and ± 0.7‰, respectively (Böhlke et al.,
2003). δ15N and δ18O values were referenced to international standards
(International Atomic Energy Agency, IAEA-NO–3, IAEA-N-1, and IAEAN-2) and Standard Mean Ocean Water (SMOW), respectively. All δ15N
and δ18O values are reported as per mil (‰).
The δ18O-H2O of porewater in drill core samples collected from 12 to
02 and 12-05 at WLC and 12-01 and 12-02 at BD as well as grab samples
from TC were analyzed (Table A1) using the vapor equilibration method
(Wassenaar et al., 2008) on a Picarro Cavity Ringdown Spectrometer
L2130-I (PCR). The analytical error associated with this method is ±
0.4‰ (Hendry et al., 2015). The WLC and BD analyses are reported in
Barbour et al. (2016). All TC grab samples analyzed for δ18O-H2O exhibited evidence of CH4 contamination and, as such, could not be used to
determine δ18O-H2O (Hendry et al., 2011). This CH4 was naturally occurring and released from the fresh-blast rock shortly after blasting.
Liquid water samples collected from BRD, NTD, CCD, WLCD, 14PDP,
F2, and HM were analyzed for δ18O-H2O using a Picarro 2130 Cavity
Ringdown Spectrometer equipped with an autosampler and vaporizer.
Analytical error associated with this method is ±0.3‰ (Lis et al.,
2008). These δ18O-H2O analyses were used to assess the effects of nitriﬁcation on the measured δ18O-NO–3 values.
2.4. Redox conditions
Oxidation-reduction potential (ORP) and dissolved oxygen (DO)
concentrations were routinely measured (between 215 and 220
times) on water samples collected from four Solinst® multi-level Continuous Multi-channel Tubing Waterloo monitoring ports at F2 between
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May 16, 2016 and February 16, 2017. Intakes for ports 1, 2, 3, and 4 were
located 69, 57, 39, and 15 m below the water table, respectively (with
45 m of unsaturated waste rock above the water table). The ORP and
DO were measured using an In-Situ AquaTroll Sonde 9500. Measurements of ORP in background water samples collected from wells 1D
and 3 at HM were measured in-line (55 and 116 times, respectively)
using a Hydrolab MS5 multiparameter mini sonde from OTT Hydromet
on August 6, 2014 (1D) and June 13, 2014 (3). Intakes for 1D and 3 were
located approximately 38 and 12 m below the water table (with approximately 15 and 6 m of unsaturated waste rock above the water
table at 1D and 3, respectively). The methods of sample collection
used at these wells are described elsewhere (Schabert, 2016). The reported accuracies of the ORP and DO measurements are about ±4 mV
and ±0.2 mg L−1, respectively.
Waterloo monitoring ports were installed at WLC-12-02 (n = 24
ports; 2–85 m BG) and -12-05 (n = 24 ports; 3–180 m BG) to measure
pore gas concentrations with depth and time through the unsaturated
dump. Gas concentrations were measured routinely from October
2012 to November 2016. O2 gas concentrations were measured using
an RKI Instruments Eagle® portable gas meter calibrated with known
O2 standards prior to use. The accuracy of the meter is ±0.5% O2. Prior
to measuring the gas concentrations, one volume of standing gas was
purged from the tubing using the internal pump of the analyzer. Limited
O2 gas concentrations from these two sites are presented in Mahmood
et al. (2017).
3. Results
3.1. Dissolved N species
Concentrations of N species measured at all sites, including longterm monitoring data, are summarized in Table A1. The mean (±standard deviation) of porewater equivalent NO–3 concentrations in freshblast waste rock samples from TC is 144 ± 153 mg L−1 (n = 4). This
mean value is lower than the mean porewater equivalent NO–3 concentrations of TC samples of 479 ± 854 mg L−1 (n = 36) reported by
Mahmood et al. (2017). The difference in means is attributed to the
more limited dataset reported in the current study. In both cases, however, the NO–3 concentrations of the fresh-blast rock were greater than in
aged waste rock samples from WLC (48 ± 79 mg L−1, n = 205). Although the lesser NO–3 concentrations in the aged dump samples
might be attributed to ﬂushing of the NO–3 by inﬁltrating meteoric
water, estimated to have an annual recharge rate of
400–600 mm yr−1 (Barbour et al., 2016; Mahmood et al., 2017), the effects of differences in blasting practices (e.g., type of ANFO, blasting procedures) and site conditions (e.g., wet or dry blast holes) on the
variability in the post-blast NO–3-N concentrations cannot be
overlooked.
Villeneuve et al. (2017) discuss NO–3-N concentrations measured on
water samples collected from WLCD on a monthly to weekly to daily
basis from 2000 to 2015. The mean NO–3-N concentration for all samples
is 27 mg L−1 (range 6.4–56 mg L−1, n = 319). The maximum concentrations in the rock drain (20–50 mg L−1) are typically measured during
winter base ﬂow months when discharge to the drain is dominated by
drainage from the overlying unsaturated dump. These data suggest
baseﬂow NO–3 concentrations reﬂect the integration of porewater
draining from different areas, ages, and thicknesses of the waste rock
in the dump (Villeneuve et al., 2017). The WLCD samples used in this
study are a subset of samples presented by Villeneuve et al. (2017)
with a mean NO–3-N concentration of 14.0 ± 4.9 mg L−1. The mean
NO–3-N concentrations from NTD (5.0 ± 4.6 mg L−1, n = 8) and the
one sample from CCD (6.0 mg L−1) are similar although slightly greater
than the values from WLCD. The mean NO–3-N concentration from BRD
(84 ± 23 mg L−1) is higher than the mean values from the other rock
drains and is attributed to the addition of NO–3-rich pit water to the
top of the rock drain (Barbour et al., 2016).
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The mean NO–3-N concentrations for water samples from the saturated ﬁlls range from 108 ± 77 mg L−1 at HM to 55 ± 25 and
48 mg L−1 at MSAW and 14PDP, respectively, and 0.12 ± 0.03 mg L−1
at F2. The concentrations from HM are greater than the aged dump samples but less than the fresh-blast samples from TC, whereas the concentrations from MSAW and 14PDP are similar to those from the aged
dump samples from WLC. The NO–3-N concentrations from F2 are very
low compared to other sites.
With one exception, all NO–2-N concentrations from water leaches
and rock drains were below the MDL. The one exception is a low but
measurable water-extractable NO–2-N concentration (0.21 mg/kg). This
data point is not considered further.
Although no NH3-N analyses were conducted on rock drain samples
as part of this study, long-term monitoring data indicate low concentrations (Table A1). The mean NH3-N concentrations at WLC and a pond
decant at the terminus of BRD (1994 to 2015) are 0.01 ± 0.03 (n =
70) and 0.21 ± 0.12 mg L−1 (n = 285), respectively. The NH3-N concentrations in NTD (sampled between November 2012 and August 2013)
are below the MDL (0.005 mg L−1; n = 8). NH3-N concentrations in
CCD were sampled and analyzed 137 times between January 2012 and
December 2016. With the exception of 22 samples, all concentrations
are below the MDL and the mean for the exceedances is low (0.03 ±
0.09 mg L−1). The mean NH3-N concentrations from MSAW and F2 samples are 0.15 ± 0.12 and 0.65 ± 0.10 mg L−1, respectively (Table A1).
The concentrations of N species presented above and N analyses
from leach pad and humidity cell tests on coal waste rock from the Elk
Valley (Mahmood et al., 2017) suggest NH3- and NO2-N concentrations
in porewater in existing dumps and underlying rock drains are minor N
species compared to NO–3-N concentrations. This observation is supported by unpublished N species data on water samples collected
from inﬂuent water to MSAW between May 2016 and July 2017. In
these water samples, the mean NO–3-N concentration is 87 ±
22 mg L−1 (n = 81) and the mean NH3- and NO2-N concentrations
are very low (b0.01 mg L−1, n = 67). In contrast to the above data,
the NH3 concentrations in fresh-blast rock could be signiﬁcant. For example, unpublished data from Teck Resources show the mean postloading concentrations of NO–3 and NH3-N in water from blast holes in
the Elk Valley charged with regular viscosity emulsion two days after
loading are 151 and 113 mg L−1, respectively.
3.2. Nitrate isotopes
δ15N- and δ18O-NO–3 values from all sites are presented in Fig. 2 and
summarized in Table A1. The δ15N- and δ18O-NO–3 values of fresh-blast
samples from TC range from +0.6 to +4.3‰ (mean: 2.7 + 1.6‰) and
+21.3 to +26.6‰ (mean: 24 ± 2.2‰), respectively. The δ15N- and
δ18O-NO–3 values of the one ANFO (NH4NO3) sample were +4.3 ‰ and
+23.9‰, respectively. The δ18O-NO–3 values in aged waste rock and
rock drain samples are more negative (range from −10.4 to +17.7‰;
mean: −2.7 ± 5.2‰) than the fresh-blast rock from TC. The δ15N-NO–3
values of the waste rock and rock drain samples (range from +0.6 to
+5.1‰; mean: 5.9 ± 3.0‰) are, however, similar to the TC values
(Fig. 2a).
The δ15N- and δ18O-NO–3 values of aged unsaturated waste rock samples from WLC are variable, ranging from +0.6 to +15.8‰ (mean: +5.5
± 3.6‰) and –10.4 to +3.4‰ (mean: −2.2 ± 5.1‰), respectively. In
contrast, δ15N- and δ18O-NO–3 values from WLCD exhibit less variability
than the WLC samples, ranging from +4.3 to +4.9‰ (mean: +4.7 ±
0.3‰) and –1.9 to −7.1‰ (mean: −5.1 ± 3.0‰), respectively. The similarity in the mean values between WLC and WLCD and the lower variability in the range of values for the WLCD suggest that the NO–3 in this
rock drain reﬂects the bulk isotopic characteristics of the NO–3 in the
overlying dump. A similar trend exists in the NO–3 concentration data
(presented above).
The δ15N- and δ18O-NO–3 values from NTD, CCD, and BRD overlap the
values measured at WLCD. Consistent with the WLCD data, the δ15N-
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Fig. 2. δ15N- vs. δ18O-NO–3 for all data (a) and for core samples from LCO-WLC (b). The grey shaded vertical bars in (a) and (b) represent the zone of oxidation with calculated percent
nitriﬁcation represented by horizontal red arrows in (a). The solid lines in (a) and (b) represent the regional denitriﬁcation trend line (i.e., MSAW+F2 + HM datasets). The calculated
percent denitriﬁcation for the regional line is represented by vertical red arrows in (a). The dashed lines represent alternate denitriﬁcation trend lines that parallel the regional line.
The green squares and blue diamonds in (b) represent analyses on samples from boreholes LCO-WLC-12-02 and -12-05, respectively. The number identiﬁers in (b) are the depth
(m) below ground at which the samples were collected. The δ15N- and δ18O-NO–3 analyses of water samples from TC, WLC, WLCD and the sample of ANFO (NH4NO3) are from Mahmood
et al. (2017). (For interpretation of the references to colour in this ﬁgure legend, the reader is referred to the web version of this article.)

and δ18O-NO–3 values from BRD exhibit little variability, ranging from
+4.2 to +5.6‰ (mean: +5.1 ± 0.3‰) and –5.0 to −6.6‰ (mean:
−5.6 ± 0.5‰), respectively. The δ15N- and δ18O-NO–3 values from NTD
range from +5.1 to +13.8‰ (mean: +9.6 ± 3.1‰) and –2.3 to
+17.7‰ (mean: +4.3 ± 6.4‰), respectively. The δ15N- and δ18O-NO–3
values from the CCD sample yielded values of +7.8 and +1.1‰,
respectively.

area to the small volume of the saturated ﬁll, resulting in short residence
times in the saturated zone (Schabert, 2016).
Although only the redox parameters ORP and DO are presented, routine chemistry analyses were also performed on water samples from F2
and HM (data not presented). The concentrations of SO4 in porewater
samples collected from the F2 and HM wells ranged from 1200 to
1900 mg L−1 and 200 to 1800 mg L−1 throughout the sampling period
and no odor of sulﬁde gases was observed. These data suggest that sulfate reduction is not occurring in the F2 or HM saturated ﬁlls).

3.3. Environmental conditions
3.4. δ18O of porewaters
Oxygen gas concentrations in the unsaturated waste rock dump at
WLC (12-02 and 12-05) (mean: 14.6 vol%, range: b0.1–20.9 vol%, n =
767) are, for the most part, oxic (Figs. 3 and 4). Consistently low O2
gas concentrations are, however, present between 31 and 66 m BG at
WLC-12-02 (mean: 5.4 vol%, range: b0.1–19.4 vol%, n = 117) and between 138 and 174 m BG at WLC-12-05 (mean: 8.4 vol%, range:
b0.1–20.9 vol%, n = 100). These low-oxygen to anoxic zones are attributed to the presence of ﬁne textured layers in the dump with elevated
water contents that limit the ingress of O2 gas into these zones where
O2 is used as an electron acceptor.
Dissolved oxygen and ORP measurements in water samples collected from the four sampling ports at the F2 dump exhibit no trend
with depth below the water table. The DO and ORP values from the
four ports suggest anoxic to sub-oxic conditions (mean DO and ORP
values of 0.0 to 0.7 mg L−1 and –14 to +70 mV, respectively). These
measured DO concentrations are below the upper DO concentration of
1.0 mg L−1 reported by Rivett et al. (2008) for denitriﬁcation in groundwater. The mean background ORP values for the two wells at HM are
+118 (n = 116) and + 150 mV (n = 56). These oxic conditions are attributed to ingress of oxygenated recharge from a large contributing

δ18O-H2O values are summarized in Table A1. δ18O-H2O values collected from WLC (mean: −18.7 ± 1.0‰, n = 177) and WLCD (mean:
−18.6 ± 0.3‰, n = 79) are similar to BR (mean: −17.4 ± 1.5‰, n =
158) and BRD (mean: −17.3 ± 0.3‰, n = 96). Consistent δ18O values
of porewaters and associated rock drain values suggest a common
source although, as was the case for the NO–3 and δ15N- and δ18O-NO–3
data, the variability in the drain data is less than for the dump data. A
t-test on the datasets from WLC and BR indicates they cannot be considered from the same population at the 98% conﬁdence interval. The signiﬁcant δ18O difference between the sites is attributed to differences
in volume-weighted precipitation values when adjusted for differences
in their elevation (Barbour et al., 2016).
In contrast to δ18O-H2O values for porewater in WLC and BD, the
δ18O-H2O datasets from samples collected with the δ15N- and δ18ONO–3 samples are few. The mean δ18O-H2O values for water samples collected in conjunction with the samples for the dual isotopes of NO–3 from
WLCD (mean: −18.7 ± 0.2‰, n = 12) and BRD (mean: −17.1 ± 0.2‰,
n = 14) are consistent with the extensive datasets above and suggest
water samples collected with the δ15N- and δ18O-NO–3 samples are
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Fig. 3. Oxygen concentrations in gas samples measured with depth and time at LCO-WLC-12-02.

representative of these two rock drains and the δ18O-H2O of drain waters reﬂects the porewaters in the dump. The one δ18O-H2O value
from the CCD sample (−17.7‰) is consistent with those from BRD
whereas the mean δ18O-H2O value from NTD (mean: −19.3 ± 0.1‰,

n = 7) is depleted in 18O relative to BRD and WLCD, suggesting prevalence of spring or snowmelt recharge.
The mean δ18O-H2O values of porewater collected from all saturated
ﬁlls is −17.9 ± 0.4‰ (n = 33). The variability between δ18O-H2O values

Fig. 4. Oxygen concentrations in gas samples measured with depth and time at LCO-WLC-12-05.
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between sites, reﬂected by their mean values, ranges from −17.1 to
−19.2‰. This variability is attributed to the timing of recharge to the
dump (i.e., summer values being more enriched than winter values)
and the altitude effect (Barbour et al., 2016).

association with snowmelt water (more negative δ18O). In the case of
BRD, however, a δ18O-NO–3 of −5.6‰ would require a δ18O-H2O of formation of −20.5‰. This value is more negative than the minimum measured value of −18‰, but might still be in the range of snowmelt.
Alternately, it could reﬂect a different δ18O-H2O of fresh pit water.

4. Discussion
4.2. Denitriﬁcation in the saturated ﬁlls
4.1. Source of nitrate and nitriﬁcation
Mahmood et al. (2017) conclude that ANFO is the sole source of the
NO–3-N in the waste rock and has unique isotopic signatures. They
reached this conclusion based on: (1) the high leachable NO–3-N concentrations in fresh-blast rock from TC (median/mean ± standard deviation of 12.6/27.6 ± 47.4 mg/kg), whereas those in the pre-blast parent
rock (0.20/0.20 ± 0.10 mg/kg) are very low; (2) limited to no plant
growth on these dumps that can provide a biological source of N nutrients; (3) δ15N- and δ18O-NO–3 from fresh-blast rock being similar to a
sample of ANFO (Fig. 2a); (4) isotopic values for δ15N-NO–3 and -NH+
4
of ANFO (+4.3 and –0.6‰, respectively) consistent with δ15N-NO–3
and -NH+
4 values from synthetic NH4NO3 fertilizer (ranges of −6.0 to
+6.0‰ and –0.9 to ±1.8‰, respectively); and (5) the δ18O-NO–3 value
of ANFO (+24.9‰) being consistent with the small range in values
from synthetic fertilizer in which the majority of the oxygen in the
NH4NO3 is derived from the atmosphere (δ18O of +23.5‰; Horibe
et al., 1973; Kroopnick and Craig, 1972) (Fig. 2a).
The δ15N- and δ18O-NO–3 values in aged waste rock and rock drain
samples exhibit, for the most part, lower δ18O-NO3 values than freshblast rock while the δ15N-NO–3 values remain relatively constant between +1.0 and + 5.0‰ (Fig. 2a). The trend to lower δ18O-NO–3 values
and lack of trend in δ15N-NO–3 are characteristic of oxidation of reduced
N by nitriﬁcation, whereby the δ15N-NO–3 produced will only be a few
per mil lower than the source NH+
4 (i.e., undergoes minimal fractionation; Kendall, 1998). In contrast, the δ18O-NO–3 produced during nitriﬁcation will become more depleted in 18O because the oxygen atoms
incorporated into the newly formed NO–3 molecule are derived from
both water and atmospheric O2. It is generally assumed that two O2
atoms incorporated into the newly formed NO–3 molecule are derived
from water and the third from atmospheric O2 (Hollocher, 1984;
Yoshinari and Wahlen, 1985).
Oxygen isotope exchange between NO–3 and water is extremely slow
in groundwaters (Böhlke et al., 2003) and is considered to have a negligible effect on the δ18O-NO–3. As such, the progression in nitriﬁcation on
the δ18O- and δ15N-NO–3 from the ANFO source values (δ18O-NO–3 values
of +21.3 to +26.6‰ and δ15N-NO–3 values of +0.6 to +5.1‰) is shown
by the vertical grey bar in Fig. 2a and b and deﬁned as the oxidation
zone.
The proportion of NO–3 derived from nitriﬁcation of NH+
4 in the residual ANFO relative to that attributable to NO–3 in the residual ANFO is estimated at each site assuming the δ18O-NO–3 comes from a mixture of
two end members: ANFO-derived NO–3 with an atmospheric signature
(δ18O of +23.5‰) and NO–3 derived from nitriﬁcation based on a 2:1
ratio of atmospheric O2 to the mean δ18O of the associated H2O (described above). The estimated proportion of NO–3 derived from nitriﬁcation is insensitive to the mean δ18O-H2O used in the calculations and is
attributed to the overall similarities between the δ18O-H2O at each site
(Table A1). Although the calculated range in the proportion of NO–3 in
dump samples derived from nitriﬁcation is variable (20–100%)
(Fig. 2a), most of the data suggest the proportion of NO–3 derived from
nitriﬁcation of the NH+
4 in the residual ANFO is N80%.
As noted above, these calculations assume the two sources of 18O for
NO–3 are the atmosphere and the δ18O of water. Based on these end
members, the δ18O-NO–3 values that represent about 100%
nitriﬁcation-derived NO–3 range from −4.8 to −3.5‰, although several
samples yielded lower δ18O-NO–3 values. For example, the mean measured δ18O-NO–3 for BRD is −5.6‰. The presence of more negative
δ18O-NO–3 values could be attributed to nitriﬁcation occurring in

Only nine of the 19 samples from MSAW plot within the oxidation
zone deﬁned by δ15N-NO–3 (Fig. 2a). The rest of the MSAW samples as
well as all samples from F2 and HM, and the one sample from 14PDP
fall to the right of this envelope. All δ15N vs. δ18O data from MSAW
can be described by a well-deﬁned linear trend line (y = 0.71x
− 8.22; r2 = 0.96). By excluding four outliers in the F2 dataset that
plot both above and below the denitriﬁcation trend lines (Fig. 2a), the
F2 data also plot along a linear trend line (y = 0.58x − 8.80, r2 =
0.93). The differences between the MSAW and the F2 best-ﬁt equations
are minor and might be attributed to differences in the extent of fractionation measured in the two datasets; the MSAW and F2 data cover
ranges in δ15N-NO–3 from +4.1 to +27‰ and +16 to +78‰, respectively. A linear equation (y = 0.55x − 7.16; r2 = 0.97) provided a
good ﬁt to the combined MSAW and F2 datasets. Including the saturated
ﬁll samples from HM (n = 8) with the combined MSAW and F2 datasets
(termed the regional denitriﬁcation line; RDL) also yielded a strong linear trend deﬁned by y = 0.54x − 7.12 (r2 = 0.97) (Fig. 2a).
The vectors for these enrichment lines are characteristic of kinetic
isotope fractionation of 18O- and 15N-NO–3 associated with denitriﬁcation (Chen and Macquarrie, 2005; Granger et al., 2008; Mariotti et al.,
1981), and the slopes of the best-ﬁt linear regressions are consistent
with those for denitriﬁcation trend lines (ranging from 0.5 to 0.8) reported by Aravena and Robertson (1998), Mengis et al. (1999), and
Fukada et al. (2003). Granger et al. (2008) report a more well deﬁned
slope of 0.6. The presence of oxic conditions in HM samples precludes
denitriﬁcation and lack of isotopic fractionation. In contrast to the HM
data, the sub-oxic to anoxic conditions in F2 samples are consistent
with the environmental conditions required to facilitate denitriﬁcation.
The isotopic enrichment (ε) of δ15N- and δ18O-NO–3 can be deﬁned as
a function of the fraction of NO–3-N remaining after denitriﬁcation (f)
using the Rayleigh equation:


α−1
−1000;
δ ¼ ðδ0 þ 1000Þf

ð4Þ

where δ is the delta value of the sample (‰), δ0 is the initial delta value
(‰), f is the fraction remaining, and the isotope fractionation factor (α)
is equal to ε/1000 + 1. The ε values for the N and O isotope enrichment
were estimated to be −8.8 and −4.7‰ from the slope of δ15N-NO–3 vs. ln
([NO–3-N]) and δ18O-NO–3 vs. ln([NO–3-N]) of the complete dataset, respectively (Fig. 5). The broad range in δ15N-NO–3 values measured on
samples containing b0.2 mg L−1 NO–3-N suggest higher measurement
uncertainty at very low NO–3 concentrations. This effect was not observed in the δ18O-NO–3 values. These ε values are slightly lower than
those determined for NO–3 in agricultural areas (−10 and −7.2‰;
Bourke et al., 2018) and laboratory heterotrophic studies (−12.5 and
−7.8‰; Hosono et al., 2015). The δ15N-NO–3 value is, however, consistent with groundwater systems in general (−5 to −8‰; Mariotti
et al., 1988).
The initial NO–3-N concentrations (i.e., prior to denitriﬁcation) and
proportion of nitrate lost by denitriﬁcation were estimated using the
δ15N-NO–3 values of the samples presented in Fig. 5a and assuming initial
δ15N-NO–3 values and solving Eq. (4) for f. The initial δ15N-NO–3 values
were assigned the minimum (+0.6‰), mean (+3.1‰), and maximum
(+5.1‰) values deﬁned by the oxidation zone in Fig. 2. Depending on
the initial δ15N-NO–3 values used in the calculations (minimum, mean,
or maximum values), the estimated proportion of nitrate lost by denitriﬁcation varied considerably (Table A2). Estimated proportions of nitrate
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Fig. 5. NO–3-N concentrations vs. δ15N-NO–3 (a) and vs. δ18O-NO–3 (b) for LCO-MSAW (solid red squares), EVO-F2 (solid blue circles), and FRO-HM (solid green diamonds). The best-ﬁt lines
(and equations) for the regional dataset are presented. (For interpretation of the references to colour in this ﬁgure legend, the reader is referred to the web version of this article.)

loss by denitriﬁcation, based on the mean initial δ15N-NO–3 values, are
plotted along the RDL in Fig. 2a.
For the MSAW, F2, and HM datasets, the mean initial NO–3-N concentrations were estimated to be 130 ± 53 (n = 17), 244 ± 251 (n = 21),
and 159 ± 112 mg L−1 (n = 8), respectively (Table A2) These datasets
suggest that the regional mean initial NO–3-N concentration of 187 ±
184 mg L−1 (n = 46) might be a good representation of initial NO–3-N
concentrations in these dumps. The concentrations of NO–3 in freshly exposed waste rock (see Introduction and Section 3.1) also exhibit a high
degree of variability. The estimated initial values are less than the mean
measured porewater NO–3-N concentrations of 497 ± 854 mg L−1 reported by Mahmood et al. (2017) for a fresh coal waste rock dump in
the Elk Valley and at the high range of values for coal waste rock drain
waters reported by Dockrey et al. (2015) of 5 to over 100 mg L−1.
4.3. Denitriﬁcation in unsaturated waste rock and rock drains
Although the δ18O- and δ15N-NO–3 of 15 samples from the two unsaturated core holes lie within the oxidation zone (Fig. 2b) and suggest a
lack of denitriﬁcation, the increase in the δ15N- and δ18O-NO–3 values
of 11 samples from the dump suggests the presence of localized denitriﬁcation (Fig. 2b). The ranges in proportion of nitrate lost by denitriﬁcation and initial NO–3 concentrations in these samples were estimated
using the minimum, mean, and maximum initial δ15N-NO–3 values
from the oxidation zone to be 24 to 76% and 232 ± 122 mg L−1
(Table A3), respectively (based on mean δ15N-NO–3 values). These calculated initial NO–3 concentrations are consistent with the regional mean
initial NO–3-N concentration from the saturated ﬁlls (187 ± 184 mg L−1).
Localized sub-oxic to anoxic conditions exist at both corehole sites in
the unsaturated WLC dump (Figs. 3 and 4) and should provide the requisite redox conditions for denitriﬁcation to occur. Comparing the depth
proﬁles for the O2 data to those of the isotopic samples for both
coreholes show that denitriﬁcation (reﬂected by the enrichment in
15
N and 18O) does not correlate with the measured sub-oxic or oxic
zones (Figs. 3 and 4). For example, the two most denitriﬁed samples
from corehole 12-02 were collected from 26.3 and 57.1 m (Fig. 2b). Although the 57.1 m sample collected at this site is from a sub-oxic zone,
the 26.3 m sample is from an oxic zone (Fig. 3). Similarly, the two most
denitriﬁed samples from corehole 12-05 (i.e., 40.1 and 79.2 m) (Fig. 2b)
were collected from oxygenated zones in the dump (Fig. 4). The lack of

correlation between the presence of denitriﬁcation in the WLC dump
data and the O2 gas proﬁle data could be attributed to the presence of
microsites in the dump not evident in the bulk gas proﬁle data.
All WLCD samples (n = 12) plot within the oxidation zone and can
be approximated by the RDL (Fig. 2a). Similar to the WLCD samples, all
BRD (n = 14), the one CCD, and four of the NTD samples can be approximated by the RDL. Unlike the WLCD samples, however, seven of the
BRD samples, the CCD sample, and the four NTD samples plot to the
right of the oxidation zone exhibiting between 30 and 70% denitriﬁcation (Fig. 2a).
Four NTD samples plot above the RDL. An alternate denitriﬁcation
line that parallels the RDL intercepting the δ18O-NO–3 of the oxidation
zone at 4–6‰ can approximate three of these samples (Fig. 2a), with
40 and 70% of nitrate lost to denitriﬁcation. The initial NO–3-N concentrations for these samples were estimated to range from 6 to 13 mg L−1
using the maximum and minimum initial δ15N-NO–3 values deﬁned
above. The fourth NTD sample plotted within the oxidation zone, but
well above the RDL and immediately below the TC fresh-blast waste
rock (δ18O-NO–3 value of 17.7‰).
The outliers from the saturated ﬁll samples (i.e., four F2 samples and
the sample from 14PDP) plot both above and below the RDL. As was the
case for the three NTD samples that fall along an alternate denitriﬁcation line, alternate denitriﬁcation trend lines could also represent
these samples. If this is the case, these lines suggest the initial δ15NNO–3 values differ from those that deﬁne the RDL. For example, an alternate denitriﬁcation trend line through the F2 outlier that falls above the
RDL is presented in Fig. 2a. Using this alternate denitriﬁcation line, this
sample exhibits almost complete denitriﬁcation and has an initial
NO–3-N concentration between 3 and 4 mg L−1 (using the maximum
and minimum initial δ15N-NO–3 values deﬁned above). The anomalous
nature of these nitrate isotopic samples with respect to the RDL can be
attributed to variations in the extent of the in-dump nitriﬁcation process. A more complete understanding of the nitriﬁcation process in
the dumps could allow the initial δ18O-NO–3 values to be deﬁned for
the various denitriﬁcation lines.
5. Conclusions and implications
The NO–3 in waste rock in the Elk Valley, British Columbia is derived
from ANFO. NO–3-N concentrations measured in the coal waste rock
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cover a broad range of initial concentrations. This variability coupled
with a lack of sufﬁcient knowledge of the NO–3 loading history to the
dumps prohibits using NO–3 concentration data to more precisely deﬁne
the fate and transport of NO–3 in the dumps.
δ15N- and δ18O-NO–3 values show denitriﬁcation can occur in suboxic to anoxic zones in saturated ﬁlls and unsaturated dumps. These isotope data can be used to delineate the zones and degree of denitriﬁcation and provide estimates of initial NO–3 concentrations (i.e., prior to
denitriﬁcation). δ15N- vs. δ18O-NO–3 values that plot above or below
the regional denitriﬁcation line suggest the initial isotope composition
represented a different mixture of the two end members that deﬁne
the source of the NO–3. Estimates of initial NO–3 concentrations using
NO–3 isotopes could provide greater conﬁdence in the development of
fate and transport models for these waste rock dumps.
Measurements of the δ15N- and δ18O-NO–3 from rock drain water
samples could be used to determine whether denitriﬁcation inﬂuences
the NO–3 concentration in overlying unsaturated dumps at the dump
scale. Such data could then be used to estimate the proportion of an unsaturated dump that is oxic provided the δ15N- and δ18O-NO–3 values
that deﬁne denitriﬁcation in the dump can be measured. This knowledge is of value for determining the volume of waste rock susceptible
to the oxidation of sulﬁde minerals. Exposure of sulﬁde minerals present in coal waste rock dumps to oxidizing conditions (i.e., atmospheric
oxygen and recharging water) can result in the mobilization of sulfate
(SO2–
4 ) and associated trace elements to receiving groundwaters and
surface waters (cf. Essilﬁe-Dughan et al., 2017). Further, these data
could be used to identify unsaturated dumps that have high rates of denitriﬁcation. Characterizing the cause of the denitriﬁcation in these
dumps (e.g., ﬁne textured layers, reclamation layers, etc.) could allow
mine operators to construct features in new dumps to potentially decrease the NO–3 load to receiving waters. Further studies into methods
to enhance rates of denitriﬁcation in blast waste dumps are warranted.
For example, enhanced denitriﬁcation in saturated dumps such as F2 or
MSAW via nutrient additions could provide mines with the ability to
treat NO–3-rich waters prior to discharge.
Deﬁning zones of denitriﬁcation in waste rock dumps has implications for characterizing the biogeochemical controls of other contaminants. In addition to NO–3, dissolved Se is an environmental concern at
coal mine operations (Hendry et al., 2015) and is released to the environment via the oxidation of sulﬁde minerals present in the waste
rock (Essilﬁe-Dughan et al., 2017; Hendry et al., 2015). Selenate
(SeO2–
4 ) is the most oxidized and bioavailable form of Se and the most
favorable oxidation state under the aerobic conditions required for sulﬁde oxidation. Because SeO2–
4 is generally present in trace quantities and
is reduced at a similar redox potential as NO–3, its reduction can occur
with denitriﬁcation. Subedi et al. (2017) show that a consortium of
–
mine site bacteria simultaneously reduces SeO2–
4 and NO3. The presence
of denitriﬁcation in saturated ﬁlls and in localized zones in unsaturated
coal dumps suggests, by proxy, that Se reduction could also occur in
these zones. Elevated NO–3 concentrations in oxygen-limited zones
within a dump could also act as an oxidant for reduced S and Se
(Bailey et al., 2012).
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