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a b s t r a c t
This study investigated the geochemistry of arsenic (As) in low sulﬁde-high carbonate coal waste rock of the Elk
Valley, British Columbia, Canada. Its abundance and mineralogical associations in waste rock of different placement periods were determined in addition to its mobilization into porewater and rock-drain efﬂuent. The
mean (5.34 mg/kg; 95% conﬁdence interval: 4.95–5.73 mg/kg) As concentration in the waste rock was typical
of sedimentary rock. Electron microprobe and As K-edge X-ray absorption near-edge spectroscopic analyses
showed the As is predominantly associated with primary pyrites in both source and freshly blasted waste rock.
However, in aged waste rock the As is associated with both primary pyrites and secondary Fe oxyhydroxides. Oxidation of pyrite in waste rock dumps was reﬂected by the presence of high concentrations of SO2−
4 in porewater
and oxidation rims of Fe oxyhydroxides around pyrite grains. Acid released from pyrite oxidation to Fe
oxyhydroxides is neutralized by carbonate mineral dissolution that buffers the pH in the waste rock to
circumneutral values. Adsorption of As onto secondary Fe oxyhydroxides provides an internal geochemical control on As release during pyrite oxidation and porewater ﬂushing from the dump, resulting in the low As concentrations observed in porewater (median: 9.91 μg/L) and rock-drain efﬂuent (median: 0.31 μg/L). Secondary Fe
oxyhydroxides act as a long-term sink for As under present day hydrologic settings in waste rock dumps in the
Elk Valley.
© 2016 Elsevier B.V. All rights reserved.
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Arsenic (As) is a naturally occurring metalloid in the Earth's crust
that can be toxic to living organisms at elevated concentrations
(Cullen and Reimer, 1989). Its toxicity has resulted in the establishment
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of regulations by various international and national agencies. For instance, the World Health Organization (WHO, 1993), Health Canada
(Health Canada, 2014), and the US Environmental Protection Agency
(US EPA, 2006) have established a maximum acceptable concentration
for As in drinking water of 10 μg/L. In Canada, the water quality guideline with respect to As for the protection of freshwater aquatic life is
5 μg/L (CCME, 1997). Globally, the risk of As contamination to aquatic
and terrestrial ecosystems is one of the most highlighted environmental
concerns (Nordstrom, 2002; Sharma and Sohn, 2009).
Surface coal mining generates large volumes of waste rock from
overburden and interburden materials and uneconomic coal seams
(Park et al., 2013; Wellen and Carey, 2015). This waste rock is commonly deposited in dumps. Oxygen ingress into these dumps can result in
the oxidation of minerals and can release As into surface waters at concentrations above acceptable guidelines (Black and Craw, 2001;
Cravotta, 2008a; Silva et al., 2011; Søndergaard et al., 2007). For example, Cravotta (2008a) measured As concentrations N 5 and 10 μg/L in approximately 25 and 10% of discharge samples, respectively, from 140
abandoned coal mines in Pennsylvania, USA. Further, Søndergaard
et al. (2007) monitored As concentrations that varied from b 0.2 to
19 μg/L over 3–4 months in runoff from a high Arctic coal waste rock
pile in Svalbard (78°N) and estimated a total release of 120 g of As
over this period.
The Elk Valley is located in the Eastern Kootenay coal district of
Southeastern British Columbia (Fig. A.1). This is a major steelmaking
coal mining region in Canada (Goodarzi et al., 2009) where largescale coal mining operations have been ongoing since the late
1960s (Lussier et al., 2003). This currently includes ﬁve active
open-pit mines located at Coal Mountain Operations (CMO), Elkview
Operations (EVO), Line Creek Operations (LCO), Greenhills Operations (GHO), and Fording River Operations (FRO) (Fig. A.1). Together, these mines produced 26.7 M metric tons of coal in 2014 (Teck
Resources Limited., 2014a). Mining of coal annually generates over
140 M metric tons of waste rock (Lussier et al., 2003) and, as of
2010, about 4.7 billion bank cubic meters (BCM) of waste rock was
stored in waste rock dumps in the valley (Teck Resources Ltd.,
2014b). Surface coal mining in the valley has increased selenium
(Se) concentrations in the Elk River with time (Kennedy et al.,
2000; Dessouki and Ryan, 2010; Wellen and Carey, 2015). Starting
in the late 1990s, Se concentrations in the Elk River exceeded the
current provincial guidelines for protection of freshwater aquatic
life (2 μg/L) (Dessouki and Ryan, 2010; McDonald and Strosher,
1998).
In 2012, a multi-disciplinary research and development (R&D)
program was established to support the Teck Resources Limited
(Teck) initiative to manage constituents of interest released from
coal waste rock (including but not limited to Se). As a part of the
R&D program, reservoirs of Se in coal waste rock were recently characterized; this work showed the source of Se in the porewater of
waste rock dumps is the oxidation of pyrite and sphalerite (Hendry
et al., 2015). Sulﬁde minerals, especially pyrite, are also known to
contain elevated concentrations of As (Kolker, 2012; Smedley and
Kinniburgh, 2002). However, As concentrations in the Elk River
have remained below the guideline for protection of freshwater
aquatic life of 5 μg/L during water quality monitoring (one exception: ~ 5.75 μg/L in 2000–2001) (Dessouki and Ryan, 2010; Swain,
2007a, 2007b). Such consistently low As concentrations could be
due to relatively lower abundance of As in the waste rock and/or geochemical controls on As mobilization in the dumps that constrain the
release of As to the porewater. Identifying the origin, fate, and transport of As in these dumps is important for understanding presentday data and to anticipate any future release of As. This understanding will allow for appropriate measures in current and future dump
design and construction to maintain low As concentrations.
Objectives of this study were to deﬁne the abundance and mineralogical associations of As in coal waste rock in the Elk Valley and to
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quantify internal geochemical controls on As release into porewater.
The waste rock present in much of the Elk Valley contains relatively
low sulﬁde (mean: 0.28%, range: 0.03–0.84%) and high carbonate
(mean: 1.28%, range: 0.20–5.85%) (Lussier et al., 2003). We hypothesized that acid neutralization during oxidation of pyrites in this waste
rock will favor the formation of secondary Fe oxyhydroxides instead of
Fe release into the porewater (Jambor and Dutrizac, 1998; Nordstrom,
1982). In turn, these secondary Fe oxyhydroxides would provide an internal geochemical control on As by sequestering it via adsorption,
resulting in low As release into porewater. To date, limited information
is available with respect to the behaviour of As during weathering of low
sulﬁde-high carbonate coal waste rock, such as that present in much of
the Elk Valley. The hypothesis was tested by undertaking a multi-scale
study that combined the molecular level characterization of As in
waste rock (including quantiﬁcation of As concentration and determination of speciation and association of As at the mineral grain scale
and bulk scale) and the assessment of dump-scale ﬂushing of As (analyzing porewater and rock drain efﬂuent samples) in dumps of the Elk
Valley.
2. Materials and methods
2.1. Solids sample collection
Three different types of solid rock samples were collected,
representing pre-blasted source rock, freshly blasted waste rock
(b10 days old), and aged waste rock (deposited 1982–2012)
(Table A.1). Core samples of pre-blasted source rock (n = 22) were
collected from the Mist Mountain Formation by diamond drilling
(borehole id: LCO-PPR-13-06) at LCO in January 2014. Freshly blasted waste rock samples (n = 42) were collected randomly at FRO
within 1–10 days after blasting in 2012. Aged waste rock samples
(n = 676) were collected from dumps at LCO, EVO, and FRO using
truck-mounted sonic (Sonic Rig 1524) and air rotary (Foremost DR
24 drill) drilling methods between July and September 2012. A
total of nine boreholes were drilled to a maximum depth of 87 m
below ground level using the sonic coring method (Table A.1). During sonic drilling, samples were collected at 1 m intervals. Two air rotary drillholes were drilled at the same test sites as the sonic
coreholes at LCO and EVO to collect samples from deeper in the
piles and to augment the number of samples, respectively
(Table A.1). During air rotary drilling, cutting samples were collected
at 3 m intervals. Ages of older waste rock (Fig. 1; Table 1) were estimated using pre-disturbance and 2011 topography data, historic aerial photographs, pile design reports, and interviews with Teck staff
(Hendry et al., 2015). After collection, all solid rock samples were
vacuum-sealed, stored in coolers, and shipped to the Aqueous and
Environmental Geochemistry laboratory at the University of Saskatchewan for analysis. Hendry et al. (2015) provide further details
on sample collection and handling.
2.2. Quantiﬁcation of As concentration in solid samples by ICP-MS
A total of 282 samples (22 pre-blasted source rock, 14 freshly
blasted waste rock, and 246 aged waste rock; Table A.1) were
dried, crushed, and pulverized. Approximately 100 mg of pulverized
subsamples were acid digested with HNO3 and HF following a method modiﬁed from Jenner et al. (1990) and as detailed by Hendry et al.
(2015). To determine the easily solubilized reservoir of As, another
set of waste rock samples (n = 590) were extracted with Milli-Q
water (solid water ratio of 1:3) for 49 h (48 h shaking followed by
1 h settling) (Price, 2009). The acid digested samples and the supernatant of water extracts were analyzed for As and other trace elements using a Perkin Elmer NexION 300D inductively coupled
plasma mass spectrometer (ICP-MS) coupled to a Perkin Elmer S10
autosampler (Pruszkowski and Bosnak, 2012). Analysis of in-house
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Fig. 1. Vertical (depth) distribution of As in pre-blasted parent rock and waste rock collected by drilling boreholes at LCO [LCO-PPR-13-06; LCO-AWR-12-05(a, b & c); LCO-AWR-12-02(a &
b)], FRO [FRO-AWR-12-01; FRO-AWR-12-02(a & b)], and EVO [EVO-AWR-12-01; EVO-AWR-12-02(a & b)]. Borehole IDs represent mine site – type of rock sample collected [pre-blasted
parent rock (PPR), freshly-blasted waste rock (FWR), or aged waste rock (AWR)] – borehole number. Dashed horizontal lines differentiate waste rock samples representing different
placement periods. Solid inverted triangle indicates the depth of the standing water level in some boreholes. Differences in As concentration at a speciﬁc depth of two boreholes at a
mine operation site represent the spatial distribution of As in the waste rock piles.

reference material indicated 6.0% error in the analysis of As. Duplicate analyses of subsamples (n = 33) indicated a 16.0% mean relative error in acid-digested solid rock samples (standard deviation
(SD), 17.2%). The method detection limit for As in solid rock samples
was 0.0005 mg/kg.

2.3. EMP analyses on solid rock samples
A total of 36 representative rock samples (Table A.1) of known
placement periods were selected from LCO (pre-blasted parent rock
and aged waste rock) and FRO (freshly blasted waste rock) for electron

Table 1
Summary statistics on As concentration in solid rock (mg/kg) and porewater (μg/L) samples for each waste rock dump and for known depositional period.
Mine site

Age of deposition

Pre-blasted parent rock
FRO
Total
b10 days
2012
LCO
Total
2009–2012
1994–1998
1991–1994
1982–1990
EVO
1994–2001
Waste rock
All samples
a
b

Porewater samples (concentrations in μg/L)

Solid digest samples (concentrations in mg/kg)
No. of samples

Min

Max

Median

Mean

Std. dev.

No. of samples

Min

Max

Median

Mean

Std. dev.

22
66
14
52
129
17
3
99
10
65
260
282

0.66
1.41
3.08
1.41
0.93
3.00
3.39
2.06
0.93
BDLa
BDL
BDL

8.22
14.2
14.2
10.3
25.3
8.25
6.95
25.3
9.65
9.36
25.3
25.3

2.19
3.50
5.48
3.18
6.09
5.93
6.25
6.31
4.59
4.22
4.72
4.55

2.86
4.13
6.17
3.58
6.73
5.94
5.53
7.10
4.75
3.83
5.34
5.15

1.87
2.26
3.02
1.66
3.66
1.80
1.88
3.96
2.44
2.25
3.33
3.30

–
–
13
–
106
5
1
100
–
2
121

–
–
2.10
–
BDLb
6.61
–
BDL
–
12.3
BDL

–
–
286
–
312
70.6
–
312
–
17.8
312

–
–
36.0
–
7.50
24.1
22.4
6.89
–
15.0
9.91

–
–
71.5
–
19.3
28.8
–
18.8
–
15.0
24.9

–
–
77.2
–
36.0
24.6
–
36.7
–
3.91
44.7

BDL: Below detection limit (detection limit for As analysis in solid rock samples was 0.0005 mg/kg).
BDL: Below detection limit (detection limit for As analysis in porewater was 0.1 μg/L).
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microprobe (EMP) analyses. Dried but uncrushed and unpulverized
samples were sectioned, polished, and carbon coated for analyses.
EMP analyses (JEOL JXA-8600 Superprobe) were performed using
three wavelength dispersive spectrometers and one energy dispersive
spectrometer, with operating conditions of 15 kV and a beam current
from 1 to 50 nA. Phases bearing elements of interest (EOI) were at
ﬁrst located and identiﬁed by surveying the samples in a grid pattern
using back-scattered electron (BSE) imaging and qualitative energy dispersive spectrometric (EDS) analysis. Phases were imaged and the locations saved for future analyses. Wavelength dispersive spectrometric
(WDS) X-ray mappings and semi-quantitative point analysis of EOI
(quantiﬁcation limit for As: 100 mg/kg of mineral phase) were conducted on selected locations and the surrounding matrix to assess EOI homogeneity and the ratio of co-localized elements, reveal reaction
fronts in grains, and assess background EOI in the matrix. For the WDS
mapping and semi-quantitative point analysis of As the X-ray line Lα
at 105.13 nm was used. Details on instrumental operating conditions,
data acquisition, and the analysis are presented in Hendry et al. (2015).
2.4. XAS analysis
Synchrotron-based X-ray absorption spectroscopy (XAS) was conducted on four sets of pulverized subsamples (total n = 19)
(Table A.1) and on a suite of reference standards [As(III) and
As(V) adsorbed to ferrihydrite, arsenopyrite (FeAsS), löllingite (FeAs2),
cacodylic acid ((CH3)2AsO2H), ferric arsenate (FeAsO4), scorodite
(FeAsO4·2H2O), and yukonite (Ca2Fe3–5(AsO4)3(OH)4–10·H2O)] to determine the As speciation in pre-blasted parent rock and freshly blasted
and aged waste rock samples. Ferric arsenate, scorodite, and yukonite
were provided by Essilﬁe-Dughan et al. (2013); As(III) and
As(V) adsorbed to ferrihydrite were synthesised in the laboratory
(Bissonnette et al., 2016); and all other standards were purchased
from chemical suppliers. For data collection, samples and reference
standards were ground to a ﬁne powder with an agate mortar and pestle, and placed into a Teﬂon® sample holder using Kapton® tape. Except
for the adsorbed standards, all reference standards were diluted with
boron nitride prior to sample preparation.
For all samples and standards, As K-edge X-ray absorption near edge
spectroscopic (XANES) data were collected at the Canadian Light Source
using the hard X-ray beamline (HXMA - 06ID-1), which features a 2
Tesla superconducting wiggler and a Rh-coated collimating mirror.
The incident white beam was monochromatized using Si (111) crystals.
The second monochromator was detuned to 50% of the fully tuned
beam intensity to suppress the higher harmonics in the beam. Because
As concentrations in the analyzed rock samples were low (Table 1),
sample data were collected in ﬂuorescence mode at ambient conditions
using a 32-element Canberra solid-state germanium detector with a
monochromator step size of 0.25 eV in the XANES region. Eight layers
of Al foil, Soller slits, and a germanium ﬁlter were placed between the
sample and the detector to reduce scattering and ﬂuorescence from
other elements in the sample reaching the detector, and therefore enhance the As ﬂuorescence signal. Arsenic foil was placed between the
second and third ionization chambers for energy calibration. Helium
gas was used in the ionization chambers during collection of As Kedge data. Spectra for reference standards were collected in transmission mode except for As(III) and As(V) adsorbed on ferrihydrite,
which were collected in ﬂuorescence mode under ambient conditions.
XAS scans were collected and averaged to increase the signal-to-noise
ratio; four to six scans were used for the waste rock samples and two
scans for each reference standard. Sample beam damage was not observed during the experiments.
IFFEFIT (ATHENA) software (Ravel and Newville, 2005) was used to
analyze the As K-edge XANES data. The data was ﬁrst reduced to normalized spectra and then principal component analysis (PCA), target
transformations (TT) and linear combination ﬁtting (LCF) analyses of
the normalized XANES spectra (Kelly et al., 2008; McNear et al., 2005)
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were used to determine the relative proportions of the As species in
the waste rock samples. The LCF analyses of all XANES spectra were conducted in the energy range from 11,850 to 11,920 eV. The goodness of ﬁt
in LCF analysis is measured using residual factor (R) values, with smaller
values indicating a better ﬁt. Goodness of ﬁt is also reﬂected in the total
values, which are not constrained in the ﬁts; thus, better ﬁts are represented by the totals closest to 100. LCF results have an error of about 5–
10% (Manceau et al., 2002).
2.5. Collection and analysis of porewater and rock drain efﬂuent
Porewater samples (n = 121) were obtained by squeezing cores in a
high-pressure mechanical squeezer (Patterson et al., 1978). Core samples were taken from their vacuum sealed bags and immediately packed
into the squeeze cylinder (316L stainless steel; 50 mm diam. × 80 mm
long). Where sample size permitted, the squeeze cylinder was repacked up to 3 × with additional core to collect a sufﬁcient amount of
porewater for analyses. A piston was inserted in the squeeze cylinder
and the sample was squeezed for 1 day using a pressure of up to
50 MPa. The squeezed porewater was collected in a clean 60 cm3 syringe through a port located at the base of the cylinder. Porewater was
ﬁltered through a 0.45 μm nylon ﬁlter and divided into two parts. One
part was preserved with 70% HNO3 for the analysis of major cations
with inductively coupled plasma optical emission spectrometry (ICPOES, SPECTROBLUE), and trace elements including As with ICP-MS as
mentioned above. The other part was stored unacidiﬁed before analysis
for major anions (by ion chromatography; Metrohm 861), pH (Oakton
110 series pH/mV/°C/°F), and alkalinity (Hach Aquacheck). Analysis of
in-house reference material indicated 6.0% error in the analysis of As.
Duplicate analyses of subsamples (n = 19) estimated the mean relative
error of As analysis in porewater at 14.2% (SD: 16.0%). The method detection limit for As in porewater was 0.1 μg/L (Nelson, 2014). The saturation indices of different mineral phases that may control porewater
chemistry were determined with the geochemical speciation modelling
code PHREEQC (Parkhurst and Appelo, 1999). When alkalinity data
were not measured for a particular sample due to an insufﬁcient volume, mean alkalinity was incorporated into speciation modelling for
that particular sample (Essilﬁe-Dughan et al., 2016).
Water samples for chemical analysis and discharge measurements
were collected from the rock drain efﬂuent to estimate the mass ﬂux
of solutes from the west LCO dump. The detailed sampling and analysis
scheme is documented in Essilﬁe-Dughan et al. (2016).
3. Results and discussion
3.1. Abundance and distribution of As in waste rock
Fig. 1 and Table 1 summarize the distribution of acid-digestible As in
pre-blasted parent rock from the Mist Mountain Formation and waste
rock from the three mining sites. Concentrations in pre-blasted parent
rock samples (n = 22) varied from 0.66 to 8.22 mg/kg (mean
2.86 mg/kg, 95% conﬁdence interval (CI) 2.03–3.69 mg/kg); these
values are lower than typically observed in sedimentary rocks (5–
10 mg/kg) (Smedley and Kinniburgh, 2002; Webster, 1999). The
mean As concentration in waste rock samples (n = 260) was
5.34 mg/kg (95% CI 4.95–5.73 mg/kg) and only 16 samples (6%) had
concentrations exceeding the upper limit (10 mg/kg) typically observed
in sedimentary rock; this suggests the waste rock samples are not abnormally enriched in As. Considerable vertical and spatial variation in
As concentration is evident at each dump (Fig. 1). The test of normality
indicated the As concentrations in waste rock of different mining sites
are not normally distributed. Thus, a non-parametric test (Mann-Whitney U test) was performed (IBM SPSS Statistics 21) to compare As distribution at different mining sites to that in pre-blasted parent rock. Such
comparisons indicate As distribution in LCO, FRO, and EVO dumps differs (p b 0.05) from the distribution of As in parent rock (Table A.2a).
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The difference in As results may be due to insufﬁcient parent rock samples (i.e., 22 collected over 343 m) to adequately deﬁne the natural variability in As concentrations in the Mist Mountain Formation.
The LCO dump was constructed over an extended time period
(1982–2012). Statistical comparison using the Mann-Whitney U test
shows the distribution of As does not differ (p N 0.05) (Table A.2b)
with time of waste rock placement, which implies insigniﬁcant As removal due to weathering. This observation is consistent with the lack
of a water-soluble As phase; on average, only 0.15% (concentration
range: b0.0005–0.050 mg/kg, mean: 0.0081 mg/kg, n = 590) of the
acid-digestible As in the waste rock samples is water leachable. Similarly, Dang et al. (2002) report no measurable depletion of As or other trace
elements (e.g., Zn, Pb, Cu) during natural weathering of coal mine spoils
in the Blaenavon coalﬁeld, Great Britain, after 50 years. It is important to
note, however, that statistically insigniﬁcant changes in elemental concentrations in waste rock can still result in elevated concentrations in
the aqueous phase. For example, Se concentration in the Elk River is
an environmental concern, but Hendry et al. (2015) estimated b 1% of
the Se in the waste rock has been ﬂushed from the LCO dump. This
loss in Se mass was not evident using statistical methods on bulk solids
analyses.

3.2. Association of As at the mineral grain (micron) scale
Bulk mineralogical analysis by XRD identiﬁed quartz, clays (illite,
chlorite, and kaolinite; mean: 82.7%), and carbonates (siderite, dolomite, and ankerite; mean: 17.3%) as the major minerals in pre-blasted
source rock and waste rock. These data exhibited a lack of variability
in abundance among sites and waste rock of different age groups
(Essilﬁe-Dughan et al., 2016). No potential As bearing mineral phases
were identiﬁed with XRD analysis (detection limit 0.2 wt% for crystalline minerals).
EMP analyses were conducted to identify the association of As with
speciﬁc mineral phases at the micron scale. Potential As-bearing mineral phases in the samples tested, as identiﬁed by EMP-EDS analysis, included Fe oxides and sulﬁde minerals: subhedral pyrite (pyrite grain
with sharp cross-section edge) (Fig. 2a, b), framboidal pyrite (pyrite of
spherical aggregates) (Fig. 2c, d), sphalerite, and chalcopyrite. Sulﬁde
minerals were identiﬁed in all samples including the source rock
(Table A.3), indicating they are primary minerals. In contrast, Fe oxides
were only observed in aged waste rock (Table A.3), indicating they are
likely secondary minerals (Hendry et al., 2015). The predominant secondary origin of Fe oxides in aged waste rock is also supported by Fe
and S K-edge XANES analyses (Essilﬁe-Dughan et al., 2016). In source
rock and freshly blasted waste rock, Fe K-edge XANES analysis indicated
that 81% of the Fe is associated with siderite and 13% with Fe oxides in
the form of lepidocrocite. However, in aged waste rock, the association
with siderite decreases to 26% whereas its occurrence as Fe oxides increases to 68% (53% goethite and 15% lepidocrocite). These results
show that siderite oxidation is the predominant source of Fe oxides, especially goethite, in the aged waste rock dumps. The S K-edge XANES
analysis showed the abundance of sulfur as sulﬁde minerals decreases
from 33% in source rock and freshly blasted waste rock to 22% in aged
waste rock. This trend suggests pyrite oxidation as an additional source
of secondary Fe oxides in the aged waste rock dumps. Furthermore, Fe
oxides were frequently observed to be present as rims around or adjacent to subhedral and framboidal pyrites during EMP-EDS analysis
(Fig. 2b, d) as well as dispersed mineral grains not associated with pyrite
(Fig. 2e, f). Such Fe oxide rims around or adjacent to pyrite grains also
reﬂect ongoing pyrite oxidation and formation of secondary Fe oxides
in the dumps. The presence of dispersed Fe oxide grains can be attributed to the complete oxidation of pyrite and/or siderite (Essilﬁe-Dughan
et al., 2016). It must be noted however that some of the dispersed Fe
oxide grains may also be primary in origin in the form of lepidocrocite.
Because Hendry et al. (2015) identiﬁed an association between Se and

primary barite in these samples, we also quantiﬁed As content in barite.
No gypsum was identiﬁed in waste rock by EMP analysis.
EMP-WDS mapping of As and other possible co-localized elements
(e.g., S, Fe, Cu, Zn, Ba) shows pyrite (both subhedral and framboidal),
and Fe oxides are the major As-bearing mineral phases in the samples
tested (Fig. 2). Arsenic concentrations in different tested mineral
phases, as analyzed by EMP-WDS semi-quantitative point analyses,
were most prevalent in subhedral pyrite, Fe oxides, framboidal pyrite,
sphalerite, chalcopyrite, and barite, respectively (Tables 2 and A.3). Similar analyses on groundmass (n = 15) yielded As concentrations below
the detection limit (b100 mg/kg). As noted above, the Fe oxides were
determined to be predominantly secondary minerals, so it follows that
As in pre-blasted source rock and freshly blasted waste rock is almost
exclusively associated with pyrite, with a minor fraction in the other
sulﬁde minerals and barite. In the aged waste rock samples, As was associated with both pyrite and Fe oxides.
The association of As with diagenetic pyrite is well known (Kolker,
2012; Smedley and Kinniburgh, 2002). Pyrite is formed in strongly reducing conditions (i.e., SO2−
reduction) (Kolker, 2012). If As is present
4
in solution during pyrite nucleation, it substitutes for S and is incorporated, making it the most abundant minor element in sedimentary pyrite (Kolker, 2012; Smedley and Kinniburgh, 2002). During coal
formation by sediment diagenesis, degrading organic substrates provide
sites for pyrite nucleation (Grimes et al., 2001; Kolker, 2012). Thus, high
concentrations of As are often reported in coal and coal-bearing formations (Kolker, 2012). The low sulﬁde content (0.03–0.84%) (Lussier
et al., 2003) may explain the low mean concentration of aciddigestible As (Table 1) in waste rock of the Elk Valley. Low sulﬁde content is expected as Mist Mountain Formation sediments were predominantly deposited under a freshwater environment (Goodarzi et al.,
2009), which would limit the availability of SO2−
4 in solution during sediment diagenesis (Casagrande et al., 1977).
The high concentrations of As in secondary Fe oxides (Tables 2 and
A.3) highlight this important sink for As released during pyrite oxidation. Sequestration of As at the weight percent level by Fe oxides, especially derived from pyrite oxidation, has been reported (Pichler et al.,
1999; Smedley and Kinniburgh, 2002; Sracek et al., 2014). EMP-WDS
analyses indicate As concentrations are not uniformly high in all Fe oxides in Elk Valley waste rock samples. The low As containing Fe oxides
are either formed secondarily by the predominant oxidation of low As
containing siderite together with the oxidation of some low As containing pyrite, or they are a primary Fe oxide mineral (e.g., lepidocrocite).
Nevertheless, the afﬁnity of As in solution for sorption onto Fe oxides
is well documented (Dixit and Hering, 2003; Dzombak and Morel,
1990; Manning and Goldberg, 1996). As such, during the migration of
porewater through the dumps, Fe oxides in the waste rock (containing
low As concentrations) could sequester As present in the porewater,
eventually enriching the outer surface in As (Moncur et al., 2009). This
secondary As sequestration mechanism is suggested in Fig. 3; As concentrations are below the EMP-WDS detection limit (100 mg/kg) in
the core pyrite and associated Fe oxides but higher in the Fe oxide
rims. In addition to primary As sorption onto secondary Fe oxides during pyrite oxidation, such secondary As sorption to Fe oxides during
porewater movement provide an additional internal geochemical control on As, as it migrates through the waste rock dumps.
3.3. Speciation and bulk association of As in waste rock
The normalized As K-edge XANES spectra of all tested samples (n =
19) and reference standards (n = 8) displayed well-deﬁned absorption
edges, identiﬁed by a sharp increase in absorption over a 15 eV interval
(Figs. 4, 5a). A common application of XANES analyses to environmental
samples is the use of the shift of the absorption edge position of the collected XANES spectra to determine the oxidation state of the EOI
(George and Pickering, 2007; Kelly et al., 2008). Comparison of the As
K-edge absorption spectra of waste rock samples to reference
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Fig. 2. BSE image and EMP-WDS mapping of Fe, S, and As on (a) subhedral pyrite, (b) oxidizing subhedral pyrite (square outlined area on Fe distribution map represents Fe oxide grains,
where the concentration of As is low compared to the adjacent bigger Fe oxide grain; the origin of small Fe oxide grains can be other than pyrite oxidation, such as siderite dissolution),
(c) framboidal pyrite, (d) oxidizing framboidal pyrite, and (e & f) dispersed Fe oxide grains, where the shape of the grains indicates they originate from the complete oxidation of subhedral
pyrite and framboidal pyrites, respectively. Colors in the maps are false color, used only to better differentiate from the background.

compounds (arsenopyrite, As(III) adsorbed on ferrihydrite, and
As(V) adsorbed on ferrihydrite) of known oxidation state (− 1, + 3,
and + 5, respectively) shows As predominantly occurs as As5 + and
As1 − in pre-blasted source rock and waste rock samples (Fig. 4). In
many cases, the distinguishable XANES spectral features (Fig. 5a) can
be used to ﬁngerprint chemical species by comparing them against
the spectra of known compounds (George and Pickering, 2007; Kelly
et al., 2008; McNear et al., 2005) and thus offer a good basis for a reliable

quantitative XANES analysis to determine the percentage of species of
the EOI (in this case As) in environmental samples such as coal waste
rock. PCA and TT analysis results (Fig. 5b) suggest that three As
species—arsenopyrite, As(III) adsorbed to ferrihydrite, and
As(V) adsorbed to ferrihydrite—explain the spectra for all nineteen
samples tested. It is noteworthy that the EMP analyses did not identify
an individual arsenopyrite mineral phase as the primary As mineral
phase in the waste rock but rather As associated with pyrites. Therefore,
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Table 2
Summary statistics on As concentration (mg/kg) in different mineral phases, determined
by semi-quantitative electron microprobe wave dispersive spectroscopic (EMP-WDS)
analysis of solid rock samples collected at different coal mining operation sites in the Elk
Valley. The distribution of the number of point analyses in samples of different placement
periods can be found in Appendix Table A.3.
Mineral phase

No. of
Min Maxc
point
analysesa

Pyrite (both framboidal
and subhedral)
Subhedral pyrite
Framboidal pyrite
Sphalerite

255
(104)
139 (58)
116 (46)
206
(167)
7 (5)
87 (23)
119 (87)

Chalcopyrite
Fe oxides
Barite

Medianb,c Meanb,c Std.
dev.b,c

BDL 18,000 900

1800

2900

BDL 18,000 1000
BDL 3900
800
BDL 1200
300

2500
1000
300

3700
800
200

BDL 400
300
BDL 12,800 400
BDL 500
200

300
1300
200

90
2300
100

a
Numbers in parentheses represent number of point analyses for which the concentration of As was below the detection limit (BDL) (b100 ppm).
b
Median, mean, and std. dev. were calculated excluding the point analyses for which
the concentration was BDL. Corresponding median, mean, and std. dev. calculated including the point analyses with BDL values [assuming an As concentration of 50 ppm (detection limit/2)] are reported in Appendix Table A.3.
c
Rounding-off scheme for the values of max, median, mean and std. dev.: up to
signiﬁcant ﬁgure of 1 for values b1000 ppm; up to signiﬁcant ﬁgure of 2 for values
N1000–b10000 ppm and up to signiﬁcant ﬁgure of 3 for values N10000–b100000 ppm.

the identiﬁcation of arsenopyrite as one of the As phases in the waste
rock based on the results of the PCA and TT analyses of the XANES
data suggests that reduced As has the same oxidation state and possibly
similar local structure as As in arsenopyrite [i.e. As(-I)]. A previous study
(Simon et al., 1999) reported similar As K-edge XANES spectra in both
As containing pyrite and arsenopyrite and suggested that As in As containing pyrite is present in similar crystal setting to that of arsenopyrite.
As such, the arsenopyrite reference standard used in this study represents As(-I) present as a substitute for sulfur in the S2−
units yielding
2
AsS2− in the sulﬁde mineral phases (mainly in pyrite with little in chalcopyrite and sphalerite) (Simon et al., 1999). Similarly, the As(III)- and
As(V)-adsorbed ferrihydrite identiﬁed from PCA and TT analyses represent As(III) and As(V) adsorption to all Fe-oxyhydroxides identiﬁed in
the waste rock (Essilﬁe-Dughan et al., 2016). LCF was used to ﬁt samples

and reference spectra (see Fig. 5c as an illustrative example), and XANES
ﬁt fractions corresponding to the respective normalized reference spectra required to yield a good match between simulated and experimental
XANES spectra of the samples are summarized in Table 3. During the LCF
analysis, we used the Combinatorial ﬁtting routine in Athena to ﬁt the
three suggested standards from the PCA and TT analysis in all possible
combinations for each sample spectra. Subsequently, based on (1) visual
inspection of ﬁt, (2) R-factor, (3) Reduced chi-squared and total values
(that were not constrained during the ﬁts), the best ﬁt combination for
each sample was selected. In all of the ﬁt results, the best combination
consisted of arsenopyrite, As(III) adsorbed to ferrihydrite, and
As(V) adsorbed to ferrihydrite. Removal of any of the three standards
[including As(III) which was b10% in all the samples] resulted in poor
ﬁt results (i.e. increase in R-factor, increase in reduced chi-squared, decrease in total values and poor correlation between data and ﬁt spectra).
Results from the quantitative LCF analysis of the spectra indicates that
32% of As in the aged waste rock is present as pyritic As (represented
by arsenopyrite), 7% as As(III) adsorbed onto Fe-oxyhydroxides mineral
phases (represented by As(III) adsorbed to ferrihydrite), and 61% as
As(V) adsorbed onto Fe-oxyhydroxides mineral phases (represented
by As(V) adsorbed to ferrihydrite). Comparable values in pre-blasted
source rock and freshly blasted waste rock were 81, 6, and 13%, respectively (Table 3). The results suggest that As(V) adsorbed onto ferrihydrite is the dominant As reservoir in the aged waste rock, whereas
pyrite is the dominant As hosting phase in the pre-blasted source rock
and freshly blasted waste rock. These ﬁndings are consistent with the
mineralogical association of As at the micron scale determined by EMP
analyses (Table 2). As the parent rocks containing As(-I) associated pyrite were removed during coal mining and placed in waste rock piles,
oxidation of the host pyrite minerals with time resulted in the subsequent oxidation of associated As predominantly to As(V); this suggests
that most As adsorbed on ferrihydrite in the waste rock is secondary in
origin. Kolker and Huggins (2007) monitored oxidation of pyrite containing variable amounts of As in ﬁve bituminous coal samples from
the USA under a range of weathering conditions in the laboratory over
17 months and reported progressive oxidation of pyritic As to As(V).
The presence of As(III) also adsorbed onto Fe-oxyhydroxides can be attributed to partial oxidization of some of the primary As species [As(-I)]
in the pyrites due to limited oxygen supply (Walker et al., 2006). In

Fig. 3. (a) Back-scattered electron (BSE) image of oxidizing framboidal pyrite, showing the locations of EMP-WDS semi-quantitative point analyses; (b & c) EMP-WDS mapping of Fe and S
(colors in the maps are false color, used only to better differentiate from the background); and (d) As concentration (rounding-off to 1 signiﬁcant ﬁgure for values b 1000 mg/kg) at
corresponding locations on the BSE image.
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Fig. 4. XANES analyses of reference compounds and solid rock samples from boreholes (a) LCO-AWR-12-02a, (b) LCO-AWR-12-05a, and (c) LCO-PPR-13-06 and FRO-FWR (for details of
boreholes see Fig. 1 and Table A.1). Sample numbers shown in panels a, b, and c are laboratory sample numbers; corresponding depths for these samples are mentioned in Table 3.
Generally, the As K-edge excitation potential for As in the ground state (As0) is 11,867 eV and increases or decreases with oxidation state.

Fig. 5. (a) As K-edge spectra for reference compounds, (b) results of PCA and TT, and (c) experimental and linear combination ﬁts for the As K-edge near-edge spectra for waste rock sample
30062A (depth: 2.82 m from borehole LCO-AWR-12-05a), denoting the fractional contributions of reference compounds used to generate the ﬁtted spectra.
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Table 3
Type and amount of As species in waste rock samples determined from LCF analysis of XANES spectra. Entries represent the respective percentages from the ﬁt.
Lab. sample no.

LCO-AWR-12-05a
30062A
30063A
30086A
30094A
30099A
30103A
30116A
30120A
30123A
LCO-AWR-12-02a
30343A
30349A
30370A
30388A
30391A
30397A
Average
Range
FRO-FWR
FROTCR_1048
FROTCR_1069
LCO-PPR-13-06
MM1306_11
MM1306_18
Average
Range

Sample depth (m)

%As species from LCF analysis of XANES spectra

Total

R-factor

62
47
62
79
58
64
66
76
75

100
101
99
100
100
99
100
101
100

0.0049
0.0076
0.0061
0.0096
0.0069
0.0091
0.0057
0.0057
0.0074

10
10
2
8
10
0
7
0–14

34
71
8
66
69
80
61
8–80

100
101
101
100
100
99

0.0028
0.0071
0.0007
0.0072
0.0056
0.0050

76
98

10
0

15
2

101
100

0.0019
0.0005

88
64
81
64–98

10
5
6
0–10

3
31
13
2–31

101
100

0.0010
0.0031

As(-I)-S

As(III)-ferrihydrite

As(V)-ferrihydrite

2.82
3.20
24.69
33.01
37.46
41.68
55.06
59.09
60.66

29
44
28
7
34
28
29
22
20

9
10
9
14
8
7
5
3
5

13.29
20.47
39.29
56.21
60.56
66.83

56
20
91
26
21
19
32
7–91

–
–
104.95
28.1

Arsenopyrite was used as model compound to represent As(-I) substituting in sulﬁde mineral phases (i.e. As(-I)-S). The R-factor is deﬁned as ∑(Iobs − Icalc)2 / N, where Iobs and Icalc are the
observed and calculated normalized intensities, respectively, and the summation is over N data points.

laboratory studies involving the oxidation of arsenopyrite and As containing pyrite under air and air-saturated distilled water conditions,
Fe-oxyhydroxides, As(V), As(III), and SO2−
were identiﬁed as the pre4
dominant chemical species produced (Nesbitt et al., 1995; Kolker and
Huggins, 2007). This suggests that, in a complex environmental system
such as coal waste rock, oxidation of reduced forms of redox active elements such as As [i.e., As(-I)] may result in the formation of both fully
oxidized [As(V)] as well as partially oxidized [As(III)] species.
3.4. Porewater and rock drain chemistry
The distribution of As in squeezed porewater from the LCO, FRO, and
EVO dumps is summarized in Table 1. The As concentration in the
porewater (n = 121) varied from below detection (b 0.10 μg/L) to
312 μg/L. Because the data exhibit a large positive skewness, it was concluded that the median value (9.91 μg/L) best represented the central
tendency. A comparison of As concentrations in porewater based on
waste rock age was not conducted due to insufﬁcient sample numbers
for some placement periods.
Mahmood et al. (2016) used Solinst's® multi-level Continuous
Multi-channel Tubing (CMT) Waterloo gas monitoring ports to measure
gaseous O2 concentration in the waste rock dumps at LCO, EVO, and FRO
since 2012. They report O2 concentrations (mean: 17.1 vol%, range: 0–
20.9 vol%, n = 808) to be mostly in equilibrium with the atmosphere
throughout the depth of the dumps. The mean SO2−
concentration in
4
the porewater of these dumps was determined to be 1246 mg/L
(range: 91.1–3625 mg/L, n = 41) (Essilﬁe-Dughan et al., 2016). The
high concentration of O2 in the pore-space and high concentration of
SO2−
in the porewater, together with the presence of oxidation rims
4
around pyrite grains in waste rock, indicate ongoing pyrite oxidation
in the waste rock dumps. Oxidation of pyrite releases H+, Fe(II), and incorporated As together with SO24 − into porewater. In high carbonate
waste rock, the acid produced by pyrite oxidation is neutralized by carbonate mineral dissolution. The sequence of overall reactions can be

represented as follows (Blowes and Jambor, 1990; Blowes et al., 1998):
‐

FeS2 ðsÞ þ 7=2 O2 ðgÞ þ H2 O ðlÞ ¼ Fe2þ ðaqÞ þ 2SO4 2 ðaqÞ þ 2Hþ ðaqÞ ð1Þ
2Hþ ðaqÞ þ CaCO3 ðsÞ ¼ Ca2þ ðaqÞ þ H2 CO3 ðaqÞ for pH ≤6:0

ð2Þ

Hþ ðaqÞ þ CaCO3 ðsÞ ¼ HCO3 ‐ ðaqÞ þ Ca2þ ðaqÞ for pHN6:5

ð3Þ

Pyrite oxidation followed by carbonate mineral dissolution results in
circumneutral pH and high concentrations of Ca2+ and Mg2+ together
with SO24 − in porewater. In porewater samples from the LCO, EVO,
and FRO waste rock dumps, pH was circumneutral to slightly alkaline
(range: 7.5–8.8, mean: 8.2) (Essilﬁe-Dughan et al., 2016), and the concentrations of Ca2+ and Mg2+ varied from 11.9 to 2245 mg/L (mean:
378 mg/L, n = 121) and 8.17 to 952 mg/L (mean: 198 mg/L, n =
121), respectively, supporting the existence of carbonate mineral dissolution following pyrite oxidation. Such high concentrations of Ca2+ and
Mg2+ result in porewater that is super-saturated with respect to calcite
and dolomite and in near equilibrium with magnesite (Table 4), suggesting the precipitation of secondary carbonate minerals is favorable.
Due to kinetic hindrance, however, this super-saturation state will
most likely be maintained, especially for dolomite, without precipitation of secondary mineral phases (Blowes et al., 1998). Calculation of

Table 4
Summary statistics on saturation indices of carbonate mineral phases for porewater
samples.
Mineral phase

Siderite
Dolomite
Calcite
Magnesite

Saturation index
No samples

Min.

Max.

Median

Mean

Std. dev.

33
33
33
33

−4.3
0.4
0.5
−0.6

−2.2
2.3
1.5
0.4

−3.3
1.4
1.0
0.03

−3.2
1.5
1.0
0.02

0.6
0.4
0.2
0.2
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saturation indices also revealed porewater to be under-saturated with
respect to siderite (Table 4). However, bulk mineralogical investigation
by both XRD and Fe K-edge XANES analyses indicated waste rock in the
Elk Valley contains an abundance of siderite (Essilﬁe-Dughan et al.,
2016). Such under-saturation despite the abundance of siderite suggests siderite dissolution can provide additional acid buffering capacity,
especially at lower pH after consumption of calcite and dolomite (Smith
et al., 2013).
Due to the insufﬁcient acid buffering capacity of high sulﬁde-low
carbonate waste rock, Fe(II) released from pyrite oxidation remains in
solution and produces low pH-high Fe content water (Jambor and
Dutrizac, 1998; Nordstrom, 1982). However, in low sulﬁde-high carbonate waste rock, such as coal waste rock in the Elk Valley, the Fe(II)
released by pyrite oxidation undergoes further oxidation in the presence of O2 at circumneutral pH, precipitating as secondary Fe
oxyhydroxides minerals according to
Fe2þ ðaqÞ þ 1=4O2 ðgÞ þ 5=2H2 O ðlÞ ¼ FeðOHÞ3 ðsÞ þ 2Hþ ðaqÞ;

ð4Þ

resulting in low Fe concentrations in the porewater (Blowes et al., 1998;
Nordstrom, 1982).
The effect of pH on Fe(II) oxidation by O2 has been explained by
Morgan and Lahav (2007). At pH N 5, Fe(II) readily forms an Fe(OH)02
complex, which is more susceptible to oxidation compared to free
Fe(II) (dominant at pH b 4) or an Fe(OH)+ complex; this is because
the free energy change involved in the oxidation of Fe(OH)02 by O2 is
the most negative (Stumm and Morgan, 1996). Because the formation
of Fe(OH)02 increases steadily with pH within a range from 5 to 8, the
rate of oxidation of Fe(II) by O2 also increases accordingly (Morgan
and Lahav, 2007).
In the LCO, EVO, and FRO waste rock dumps, low concentrations of
Fe in porewater (range: b0.01–3.30 mg/L, mean: 0.28 mg/L, n = 121)
despite the presence of high concentrations of SO2−
(Essilﬁe-Dughan
4
et al., 2016) suggest the precipitation of Fe to form secondary Fe
oxyhydroxides. Further, calculation of saturation indices reveals the
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porewater is super-saturated with ferrihydrite, lepidocrocite, and goethite; this aligns with the presence of lepidocrocite and especially goethite (discussed below) in waste rock as detected by Fe K-edge XANES
analysis (Essilﬁe-Dughan et al., 2016). During precipitation, these secondary Fe oxyhydroxides sequester As released from pyrite oxidation,
resulting in low As concentrations in the porewater (Table 1). A laboratory study by Dixit and Hering (2003) suggests the sorption of As(V) is
more favorable below pH 5–6 and the sorption of As(III) is maximized at
near-neutral pH. The As K-edge XANES analysis indicated As is sorbed to
the Fe oxyhydroxides mostly as As(V) with little as As(III) (Table 3). At
near-neutral to slightly alkaline pH, the reduced sorption of As(V) to
secondary Fe oxyhydroxides probably resulted in the observed, although low, As concentration in porewater. Because the concentrations
–
of SO2−
4 (mean: 1246 mg/L) and HCO3 (mean: 233 mg/L CaCO3; EssilﬁeDughan et al., 2016) in the porewaters were high, the reduced sorption
of As(V) could also be related to the competitive sorption reactions of
SO24 − and HCO–3 to secondary Fe oxyhydroxides (Appelo et al., 2002;
Biswas et al., 2014; Cravotta, 2008b; Dzombak and Morel, 1990). Although EMP analyses indicate As concentrations in pyrite and Fe oxides
in waste rock varied considerably, a comparison of the molar ratio of As/
Fe in pyrite [mean = 0.41 × 10−2 ± (standard error) 0.16 × 10−2, n =
16] to that in Fe oxides containing N 500 mg/kg As (mean =
0.30 × 10−2 ± 0.06 × 10− 2, n = 30) indicates approximately 73%
(±32%) of the As released during pyrite oxidation is sequestered into
the associated secondary Fe oxyhydroxides. The governing geochemical
processes that occur during oxidation and sequestration of As in coal
waste rock of the Elk Valley were conceptualized by constructing an
Eh-pH stability ﬁeld diagram for an As-Fe-S system (Fig. 6) using Geochemist's Workbench® and average squeezed porewater concentrations of As (Table 1), Fe, and SO2−
(Essilﬁe-Dughan et al., 2016). The
4
diagram, including associated essential chemical equations, illustrates
the chemical transformations that occur during the oxidation and sequestration of As in the coal waste rock, that is oxidation of reduced
As [As(-I)] associated with pyrites (represented by arsenopyrite) to
As(V) and As(III) followed by the adsorption of the oxyanions of

Fig. 6. Eh-pH diagram of the As-Fe-S system showing the chemical transformations [arrows: grey arrows show reactions involving As(III) and black arrows show reactions involving As(V)]
that occur during the oxidation and sequestration of As in the coal waste rock. Diagram was generated with Geochemist's Workbench® using average squeezed porewater concentrations
of As (3.2 × 10−7 mol/L), Fe (5.0 × 10−6 mol/L), and SO2−
(1.3 × 10−2 mol/L).
4
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As(V) and As(III) to Fe-oxyhydroxides (products of oxidation of pyrite
and siderite in the waste rock piles) (Essilﬁe-Dughan et al., 2016). Similar behaviour of As during oxidation of sulﬁde minerals is reported for
low sulﬁde-high carbonate waste rock generated from mining of
siderite-barite-sulﬁdic ore deposit in Rudňany Mine site in Slovakia
(Hiller et al., 2013) and gold deposit in Lava Cap Mine site in California,
USA (Foster et al., 2011). In contrast to the low sulﬁde-high carbonate
waste rock, As released from pyrite in high sulﬁde-low carbonate
waste rock shows higher mobility and concentrates more in porewater
due to the limited precipitation of secondary Fe oxyhydroxides and/or
precipitation of secondary Fe hydroxysulfates (e.g. jarosite and
schwertmannite) with lower sorption afﬁnity for As than Fe
oxyhydroxides (Bigham and Nordstrom, 2000; Carlson et al., 2002).
Arsenic concentrations in rock drain efﬂuent at the base of the west
LCO waste rock dump, monitored from 2010 to 2014, varied from below
detection limit (b 0.10 μg/L) to 63.5 μg/L (median: 0.31 μg/L, n = 183).
Comparison of median As concentration in rock drain efﬂuent to that
in the porewater indicates that As is further immobilized from
porewater along the ﬂow path, probably by sorption to the secondary
Fe oxyhydroxides produced from the low As containing pyrite and siderite (Fig. 3). The very low As concentrations in the waste rock drain efﬂuent are consistent with the low concentrations reported for the Elk
River (Dessouki and Ryan, 2010; Swain, 2007a, 2007b). The annual dissolved As ﬂux in rock drain efﬂuent from the west LCO dump, assessed
with the monitored As concentrations and the volume of efﬂuent discharge, varied between 0.13 and 18.4 kg/a (mean: 10 kg/a) (Fig. 7)
over the 5-year monitoring period. Extrapolation of the mean annual
dissolved As ﬂux over the 30-year lifetime of dump yielded a total As release of 300 kg from the west LCO dump. This amount of As released
represents 0.01% of the total mass of As present in the dump by considering the average acid-digestible As concentration in waste rock in the
LCO dump is 6.73 mg/kg (Table 1), total volume of waste rock stored
in the dump is 2 × 108 BCM (Golder Associates, 2013), and mean density
of dry waste rock in the dump is 1904 kg/m3 (unpublished data). Very
low As release from the dump is consistent with the lack of difference
in the acid-digestible As concentrations in waste rock of different placement periods at the LCO site (Table A.2b).
The porewater and rock drain efﬂuent chemistry presented here
support the results of mineralogical association of As in coal waste
rock determined by EMP and As K-edge XANES analyses. These data
clearly show, in support of our hypothesis, that adsorption of As to the
secondary Fe-oxyhydroxides provides an internal geochemical control

on As release during pyrite oxidation and its transport along the ﬂow
path in high carbonate coal waste rock in the Elk Valley.
3.5. Implications for future As mobilization into porewater
Concentrations of acid-digestible As in coal waste rock of the Elk Valley, British Columbia are typical of sedimentary rock. EMP and XAS analyses show the major reservoirs of As in the dumps are primary pyrite
and secondary Fe oxyhydroxides. The dumps studied are oxygen-rich
and, for the most part, in equilibrium with atmospheric conditions
throughout their depth. The S K-edge XANES analyses by EssilﬁeDughan et al. (2016) estimated the mean concentration of pyrite in
aged waste rock at 756 mg/kg (range 218–1648 mg/kg). Under the
oxic conditions in dumps, oxidation of this remaining As-containing pyrite should continue. However, as discussed above, the majority of the
As released from pyrite oxidation is expected to be sequestered in the
Fe oxyhydroxide rims around the pyrite grains. Previous studies suggest
the formation of Fe oxide rims limits the diffusion of oxygen to the pyrite surface and the rate of remaining pyrite oxidation decreases with
increasing thickness of the rims (Huminicki and Rimsidt, 2009;
Nicholson et al., 1990; Zhang and Evangelou, 1996; Zhu et al., 2011).
Thus, the release of As from pyrite oxidation is expected to considerably
decrease in the dumps with time, possibly leaving unreacted Ascontaining pyrite. Further, as stated above, adsorption of As in
porewater to the surface of the currently low As-containing Fe
oxyhydroxides along the ﬂow path may provide an additional As sequestration mechanism.
Under oxic environmental conditions, secondary poorly-crystalline
Fe oxides can transform into more crystalline phases. This transformation could reduce the mass of adsorbed As because as the oxide crystallizes, the surface area also decreases (Jambor and Dutrizac, 1998;
Cudennec and Lecerf, 2006; Das et al., 2011a, 2011b). As stated above,
Fe K-edge XANES analysis identiﬁed lepidocrocite and goethite as the
only Fe oxides present in aged waste rock (Essilﬁe-Dughan et al.,
2016). Both lepidocrocite and goethite can form by slow oxidation of
dissolved Fe2+ in porewater released by pyrite oxidation and siderite
dissolution (Schwertmann, 2008). However, in calcareous sediments,
where CO23 − or HCO−
3 are abundant in porewater, such as the waste
rock dumps in the Elk Valley, slow oxidation of Fe2+ generally favors
the precipitation of goethite over lepidocrocite (Schwertmann, 2008).
Furthermore, lepidocrocite is also present in the source rock and freshly
blasted waste rock in similar abundances as the aged waste rock

Fig. 7. Cumulative annual discharge and cumulative total and annual As ﬂux from the rock drain at the base of the west LCO dump.
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(Essilﬁe-Dughan et al., 2016). As such, we suggest that lepidocrocite is
primary Fe oxide in the sedimentary rock of the Elk Valley (i.e., not
formed by oxidation of Fe2+ in porewater). In addition to the slow oxidation of dissolved Fe2+, goethite can also form by the crystallization of
metastable ferrihydrite precipitated during the relatively rapid oxidation of dissolved Fe2+ or directly by slow oxidation of solid pyrite and
siderite (Schwertmann, 2008). When goethite is formed from a ferrihydrite precursor, formation of hematite, another thermodynamically stable Fe oxide competes with the goethite formation (Schwertmann,
2008). However, no hematite was observed in waste rock in the Elk Valley (Essilﬁe-Dughan et al., 2016). Furthermore, under the cool climatic
conditions in the Elk Valley, complete transformation of ferrihydrite
into goethite is unlikely (Schwertmann, 2008). Previous laboratory
studies also indicate adsorption of oxyanions (including arsenate) to
the surface of Fe oxyhydroxides in trace amounts can stabilize Fe
oxyhydroxides (Cornell et al., 1987; Das et al., 2011b; Paige et al.,
1997). Such stability of As-containing Fe oxyhydroxides towards crystallization has also been reported in a N16-year old uranium mining tailings management facility (Essilﬁe-Dughan et al., 2013) and at a
centuries-old remediated mining site (Gautier et al., 2006). Therefore,
even if goethite is produced through transformation of metastable ferrihydrite, a mixture of ferrihydrite and goethite is expected in the waste
rock. However, similar to hematite, no ferrihydrite was observed in
the waste rock in the Elk Valley (Essilﬁe-Dughan et al., 2016). As such,
we suggest the presence of goethite in the coal waste rock in the Elk Valley to be the result of the slow oxidation of dissolved Fe2+ in porewater
and/or the slow oxidation of solid pyrite and siderite in the waste rock
dumps, not by the transformation of metastable ferrihydrite. Strong
binding of As to the goethite as a control on the release of As into
porewater also occurs in Cu-Pb-Zn mining tailings at Kombat in
Namibia (Sracek et al., 2014). Based on our ﬁndings, we conclude that
the adsorption of As to the secondary Fe oxyhydroxides can provide a
long-term sink for As under oxic conditions in the waste rock dumps
in the Elk Valley.
Arsenic from secondary Fe oxyhydroxides can potentially be released back into porewater if Fe oxyhydroxides undergo reduction in
the waste rock dumps in the future (Smedley and Kinniburgh, 2002
and references therein). At the onset of reducing conditions, O2, NO−
3 ,
and Mn oxides, being the stronger electron acceptors, are successively
reduced prior to Fe oxyhydroxide reduction (Stumm and Morgan,
1996). The redox condition in the dumps is currently oxic with high
concentrations of O2 in the pore-space throughout depth at LCO, EVO,
and FRO. High rate of O2 diffusion through the pore-space with ﬂushing
of the dumps is responsible for such high O2 concentrations throughout
the depths of the dumps. In addition to the presence of high O2 concentrations, the dissolution of blast materials also resulted in high concentrations of NO−
3 in the porewater (range: 0.25–1284 mg/L, mean:
66.0 mg/L, n = 42). Furthermore, the conservative behaviour (absence
of denitriﬁcation) of NO−
3 throughout the unsaturated waste rock piles
is also conﬁrmed based on the measurement of δ15N and δ18O
(Mahmood et al., 2014). Therefore, it can be concluded that, at present,
considerable redox buffering capacity exists throughout the waste rock
piles at the mining sites and the chance of the redox status reaching the
stage of Fe oxyhydroxide reduction to release sorbed As into porewater
at an alarming level in the near future is very unlikely. Therefore, As concentrations in the porewater of Elk Valley waste rock should not increase under the present-day geochemical conditions in the dumps
and, rather, are expected to decrease over time.
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